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ABSTRACT 
THE EFFECTS OF FE(III) REDUCTION ON BIODEGRADATION OF FUEL 
OXYGENATES AND CHLORINATED ETHENES 
 
Fuel oxygenates, methyl tert-butyl ether (MTBE) and tert-butyl alcohol (TBA), 
and chlorinated ethenes (TCE, cis-DCE and VC) are two groups of contaminants 
prevalent in groundwater systems. Fe(III) reducing conditions are dominant in many 
sedimentary environments. However, the effects of Fe(III) reduction on 
biotransformation of MTBE/TBA and chlorinated ethenes are not well understood. 
This research investigated the biodegradation of these contaminants and related 
microbial ecology under Fe(III)-reducing conditions in both sediment microcosms 
and enrichment cultures. 
The primary limitation to understanding anaerobic MTBE biodegradation is the 
lack of liquid cultures with consistent activity.  This study enriched three distinct 
MTBE-degrading, anaerobic cultures from contaminated aquifer material, and they 
use anthraquinone-2,6-disulfonate, sulfate and fumarate as the terminal electron 
acceptor, respectively. Phylogenetic analyses based on 16S rRNA gene suggested 
novel microorganisms involved in anaerobic MTBE biodegradation. These cultures 
are the first stable, sediment-free anaerobic MTBE-degrading cultures, which provide 
model systems for mechanistic studies of anaerobic MTBE biodegradation. 
Substantial [U-14C]-TBA mineralization occurred under Fe(III)-reducing conditions. 
The TBA biodegradation activity was correlated with the abundance of one dominant 
clone, which is closely associated with organisms belonging to the 
Alphaproteobacteria. The results provide the original evidence of the stimulative 
effect of Fe(III) reduction on anaerobic TBA mineralization, and give initial insight to 
the organisms that may catalyze the anaerobic TBA mineralization reactions. 
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The experimental study on the effects of Fe(III) reduction on reductive 
dechlorination demonstrated that Fe(III) reduction did not inhibit complete 
dechlorination, which is in contrast to the common opinion that TCE dechlorination 
will be inhibited wherever there is bioavailable Fe(III). Fe(III) speciation has an 
impact on daughter product distribution and dechlorination kinetics. Quantitative PCR 
analysis revealed that Dehalococcoides and Geobacteraceae organisms were enriched 
concurrently in the dechlorinating Fe(III)-reducing sediments/cultures; 
Dehalococcoides abundance in the presence of Fe(III) was not significantly different 
from that in the cultures without Fe(III), meaning Fe(III) reducers would not 
outcompete and inhibit Dehalococcoides growth. Also, Fe(III) reduction may 
stimulate growth of G. lovleyi like organisms and contribute to TCE dechlorination to 
cis-DCE. Enrichment culture study demonstrated that Fe(III) reduction poised the 
hydrogen concentration at an appropriate steady-state that is within the ideal range for 
reductive dechlorination when acetate was amended as the sole electron donor. 10X 
excessive electron donor addition did not facilitate chlorinated ethene dechlorination, 
but led to considerably high methane production and enrichment of methanogens. The 
results suggest that adding surplus electron donor will not only cause substrate 
wastage and unnecessary cost in bioremediation, but also have adverse effects such as 
enhanced methane release. 
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CHAPTER 1  
INTRODUCTION 
Introduction to Fe(III)-reducing environments 
Redox transition between the Fe(II) and Fe(III) species has an essential role in 
biogeochemistry of subsurface environment. Microorganisms capable of conserving 
energy for growth from Fe(III) reduction were found in 1980’s (1,2),  and since then it 
has been realized that biological iron redox transformation, rather than abiotic 
reactions, actually plays a major role and has an important influence on the 
geochemistry of the sedimentary environment and groundwater quality (3). 
Dissimilatory iron-reducing bacteria (DIRB) typically couple the oxidation of organic 
compounds or H2 to Fe(III) reduction and conserve cellular energy from the process. 
Given the fact that iron is the fourth most abundant element in the Earth’s crust, iron-
bearing minerals are abundant in natural environment (4) and Fe(III)-reducing 
conditions are prevalent in many aquifer and lake sediments (5,6).  
In the environment where oxygen is depleted, Fe(III) is in general the most 
abundant electron acceptor for organic compound biodegradation (3,5).  Thus 
extensive studies have been carried out to understand the ecology and biogeochemical 
role of DIRB in sedimentary environments, and there is increasing interest in the 
effect of Fe(III) reduction in the in-situ bioremediation of groundwater systems 
contaminated with metals or organic compounds (5,7-9). Figure 1.1 depicts the typical 
distribution of terminal electron accepting processes (TEAPs) in contaminated 
aquifers as a result of the availability and redox potential of electron acceptors.  
Fe(III) reduction can be the dominant TEAP where oxygen input is low or high 
concentrations of organic compounds deplete oxygen and nitrate if there is any.  
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Figure 1.1. Distribution of terminal electron accepting processes (TEAPs) in 
the aquifer near the contamination source area. 
 
The TEAPs profile in Figure 1.1 is generally found in the subsurface 
environment with large amount organic compounds. Considering contaminated 
aquifers, there are two kinds of scenarios in which Fe(III)-reducing conditions are 
relevant. For one thing, near the source area of underground petroleum contamination 
or landfill leachate, a large Fe(III) reducing zone may develop down gradient of 
methanogenic and sulfate-reducing zones (in cases where sulfate is sufficient) (3,10-
12) . For another, Fe(III)-reducing conditions may also become extensive and 
important in bioremediation approaches that require addition of electron donors. For 
example, in chlorinated solvent bioremediation, as large amounts of electron donors 
(e.g. organic acids) are added to stimulate microbial reductive dechlorination, Fe(III) 
reduction may be become dominant (13,14).   
Fuel oxygenate contamination and biodegradation 
As to petroleum contaminants, much attention has been given to benzene, 
toluene, ethylbenzene, and xylenes (BTEX), and a number of studies have shown 
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microbial oxidation of petroleum aromatic hydrocarbons coupled to Fe(III) reduction 
in petroleum contaminated aquifers (15). However, fuel oxygenate biodegradation 
under Fe(III)-reducing conditions is not well understood. Fuel oxygenates were used 
as gasoline additives to improve combustion efficiency and to reduce carbon 
monoxide emission to the atmosphere since the 1970s. In accordance with the Clean 
Air Acts Amendments of 1990, oxygenate compounds such as methyl tert-butyl ether 
(MTBE) and tert-butyl alcohol (TBA) are widely employed in reformulated gasoline 
to reduce carbon monoxide and ozone emissions to atmosphere. TBA is not only a 
fuel oxygenate itself but also is the primary intermediate of MTBE biodegradation. 
TBA is reported to be even more recalcitrant to biodegradation than MTBE (16), so it 
is usually found to be present in MTBE contaminated sites or even accumulates to 
higher concentration than MTBE. Groundwater contamination by MTBE and TBA 
continues to be a major issue worldwide because of their massive production and use 
in the last few decades. In the U.S., although ethanol begins to be used as a substitute 
fuel oxygenate (17, 18),  MTBE and TBA contamination still persists and remains 
problematic due to the poor state of fuel storage systems. Since 1988, US EPA has 
identified over 400,000 sites with leaking underground fuel storage tanks across the 
country (19).  MTBE influences the taste and odor of water even at low concentration 
(< 30 µg/L) (20), and it is a potential human carcinogen (21). TBA is a proven animal 
carcinogen and is likely to be carcinogenic to human beings (22). The drinking water 
advisory level for MTBE set by USEPA is 20-40 µg/L (23), and California drinking 
water standards have classified TBA as a “contaminant of current interest” and set a 
drinking water action level of 12 µg/L on the basis of noncancer end point assessment 
(24).  
 
4 
 
Chlorinated ethene contamination and biodegradation 
Chlorinated ethene biodegradation under Fe(III)-reducing conditions is another 
focus of this dissertation. Chlorinated ethenes are widespread aquifer contaminants in 
the United States (25,26). Trichloroethene (TCE) is among the most prevalent 
groundwater contaminants due to its common use as an organic solvent in industry 
and dry cleaning. Under anaerobic conditions in contaminated groundwater systems, 
TCE can be sequentially transformed to dichloroethene isomers (cis-DCE primarily, 
trans-DCE or 1,1-DCE), vinyl chloride (VC), and finally to ethene (27), or under 
certain conditions to ethane (28). However, the reduction of cis-DCE or VC is usually 
the rate limiting step, leading to the accumulation of cis-DCE and VC in many 
contaminated sites (29,30). TCE and cis-DCE are suspected carcinogens, while VC is 
a proven animal carcinogen, with the maximum concentration level in drinking water 
set at 2 µg/L (31). Thus, groundwater contamination by chlorinated ethenes poses 
serious threat to human health and the overall ecosystem quality.  
Despite the environmental significance of Fe(III)-reducing conditions, very little 
is known about the degradation of recalcitrant organic contaminants such as fuel 
oxygenate or chlorinated ethenes under Fe(III)-reducing conditions in the subsurface 
environment.  Understanding the effects of Fe(III) reduction on the biodegradation 
processes and the microbial populations involved is relevant to improve 
understanding of the environmental fate and transformation of the contaminants of 
interest and to help design effective remediation strategies. An overview of the 
chapters in this dissertation is given below. 
Chapter 2 provides comprehensive background information on dissimilatory 
Fe(III) reduction, MTBE and TBA biodegradation, chlorinated ethene dechlorination, 
and the potential effects Fe(III) may have on the degradation of contaminants of 
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interest. The chapter briefly describes the overall study objectives based on the 
literature review. 
Chapter 3 describes the development of anaerobic MTBE-degrading cultures that 
use three different electron acceptors and microbial community characterization of the 
cultures.  
Chapter 4 investigates anaerobic TBA degradation activity in aquifer sediment 
incubations and compares the stimulative effect of Fe(III) amendment with that of 
other terminal electron acceptors. This study for the first time looks into the microbial 
communities during anaerobic TBA mineralization.  
Chapter 5 focuses on the effects of Fe(III) reduction on reductive dechlorination 
of chlorinated ethenes. Batch experiments with both sediment-groundwater 
incubations and enrichment cultures compare dechlorination kinetics, daughter 
products, and microbial community development among conditions with and without 
active Fe(III) reduction. The chapter discusses the complex effects of Fe(III) on TCE 
complete dechlorination and the potential interaction of relevant microbial 
populations.  
Chapter 6 studies the effect of electron donor concentrations (excessive versus 
stoichiometric) on trichloroethene (TCE) and vinyl chloride (VC) dechlorination 
under Fe(III)-reducing conditions. The necessity of excessive electron donor 
amendment to stimulate complete dechlorination and the potential adverse effects 
such as enhanced methane production are discussed.  
Chapter 7 summarizes major conclusions of the study and the environmental 
significance and implications, and also offers recommendations for future study. 
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CHAPTER 2  
BACKGROUND AND OBJECTIVES 
Overall background 
In general, Fe(III) reduction may have two kinds of  potential effects on organic 
contaminant biodegradation. On one hand, some organic contaminants can serve as 
the electron donor for DIRB, and thus Fe(III) reduction may stimulate anaerobic 
oxidation of the contaminants. Such positive effect of Fe(III) reduction has been 
demonstrated in the degradation of petroleum aromatic hydrocarbons such as 
benzene, toluene, ethylbenzene, and xylenes (BTEX) (1-6). Anaerobic MTBE 
biodegradation in Fe(III)-reducing sediments was also observed in a few previous 
studies (7,8). On the other hand, some organic contaminants may be degraded through 
reductive pathways, such as chlorinated solvents. In such cases, Fe(III) reduction is 
generally regarded as a competitive process. However, the actual role of Fe(III) in 
complete degradation of chlorinated ethenes has not been investigated 
comprehensively and is still unclear.  
        Biodegradation pathways of fuel oxygenates MTBE/TBA and chlorinated 
ethenes are representative of the two types above, and thus studying them can 
promote our understanding of the roles of Fe(III) reduction in both instances. The 
following sections review previous studies on the biodegradation of the two types of 
contaminants as well as dissimilatory Fe(III) reduction.  
Properties of MTBE and TBA  
Both MTBE and TBA are highly water soluble (~50,000 mg/L for MTBE and 
almost complete solubility for TBA, at 25°C) and do not significantly adsorb to 
aquifer solids (MTBE: log Kow=1.2, TBA: log Kow=0.35) (9). Moreover, due to their 
tertiary carbon structure (Figure 2.1), the contaminants are relatively resistant to 
10 
 
biodegradation. Therefore, MTBE and TBA plumes can become very large. The ideal 
remediation strategy is to attenuate these compounds within the contamination source 
area.   
 
 
Figure 2.1. Chemical structures of methyl tert-butyl ether (MTBE) and tert-butyl 
alcohol (TBA) 
Traditional remediation technologies such as pump and treat, air sparging, and 
chemical oxidation are either ineffective or very expensive because of the properties 
of MTBE and TBA introduced above. Air sparging is costly and inefficient because 
the Henry’s law constants of the compounds are low (1.4x10-5 atm m3 mol-1 for TBA 
and 5.9x10-4 for MTBE). In situ chemical oxidation strategies (e.g. permanganate and 
persulfate, Fenton’s reagent, etc.) have high cost. Bioremediation is getting more and 
more attention because it can be efficient and cost-effective.  
Biodegradation of MTBE and TBA 
The majority of previous studies have reported degradation of MTBE and TBA 
under aerobic conditions. Microorganisms capable of degrading MTBE aerobically 
have been isolated (10,11) and a number of consortia have been reported too (10,12). 
These cultures can degrade MTBE with oxygen as the terminal electron acceptor and 
require dissolved oxygen concentration greater than 2 mg/L; it was concluded that 
MTBE degraders might be more sensitive to low oxygen concentrations than 
degraders of other fuel hydrocarbons (13). In laboratory microcosm studies, 
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introduction of oxygen was adequate to stimulate MTBE degradation even when the 
relevant MTBE-degrading microorganism was not detectable before (14). A study 
using stream bed sediment microcosms reported that MTBE was mineralized to 
carbon dioxide without accumulation of TBA (15). It was also reported that when a 
MTBE-degrading culture was introduced to a fuel contaminated aquifer region 
supplemented with oxygen, MTBE concentration went down (16), but the 
documented studies at a number of field sites, as well as microcosm investigations, 
have shown significant differences from site to site in terms of degradation rate (17). 
The site-specific conditions may have substantial influence on the potential of MTBE 
and TBA degradation. Besides MTBE, biodegradability of TBA in oxic conditions 
has also been recognized (7,15,18).  
In spite of the extensive studies on aerobic degradation of MTBE, it is difficult 
and expensive to apply aerobic strategies to in-situ bioremediation. Contaminated 
subsurface environments are typically anaerobic, and oxygen introduced can be 
consumed quickly by microbial respiration and/or chemical oxidation of reducing 
compounds. Also, the limitations on oxygen transport in groundwater systems make 
aerobic biodegradation a less significant process. It is technically difficult to maintain 
adequate dissolved oxygen in the subsurface environment and thus aerobic 
bioremediation may not be an effective approach (19). Therefore, understanding of 
the anaerobic MTBE and TBA degradation is necessary and critical to develop 
successful and cost-effective bioremediation strategies for groundwater. 
Under denitrifying conditions, the studies of Bradley et al. (7,20) showed that 
MTBE and TBA could be mineralized in the bed sediment of streams, while in other 
studies no degradation of MTBE was observed even after long acclimation periods 
(21-23). MTBE degradation under nitrate reducing conditions was also observed in 
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another study by Bradley et al. (7). Nitrate was considered as the most favorable 
anaerobic terminal electron acceptor, and it was suggested that as the oxidative 
potential of the predominant terminal electron acceptor increased from SO42- to 
Fe(III) to NO3-, mineralization of [U-14C]MTBE to 14CO2 increased. 
Under sulfate reducing conditions, early studies reported no degradation of 
MTBE (21,23). In recent studies, [14C]-MTBE and [14C]-TBA were found to be 
mineralized but with lower mineralization rates compared to that under denitrifying 
conditions (7,20,24). In the sulfate-reducing enrichment cultures from estuary 
sediment incubated by Somsamak et al. (22), MTBE was only transformed to TBA, 
suggesting that TBA degradation might be rate limiting process in MTBE removal 
under sulfate reducing conditions.  
Yeh and Novak (23) reported the first study on MTBE biodegradation under 
methanogenic conditions in a soil with low organic carbon content. A similar 
methanogenic microcosm study showed stoichiometric transformation of MTBE to 
TBA in bed sediment from the Ohio River, with TBA accumulating as a dead-end 
product (21). In recent studies, Wilson et al. (25) observed MTBE degradation in 
methanogenic microcosms set up with jet fuel contaminated sediments and quantified 
the pseudo first-order rates and assessed the effect of alkylbenzenes on the 
degradation kinetics. Kolhatkar et al. (26) and Kuder et al. (27) did similar studies and 
confirmed the production of TBA from MTBE under highly reducing methanogenic 
conditions. Bradley et al. (7) assessed MTBE degradation in surface water sediment 
and only observed a little loss of MTBE but no significant mineralization. The same 
group later studied TBA biodegradation; no TBA mineralization was observed under 
methanogenic conditions (20). In summary, under methanogenic conditions, MTBE is 
typically transformed to TBA, and TBA is hardly degraded further. 
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There is very limited information on anaerobic MTBE or TBA biodegradation 
under Fe(III)-reducing conditions from previous studies. Only two studies reported 
anaerobic [14C]-MTBE oxidation under Fe(III)-reducing conditions with recovery 
ratio ranging from 10% to 30% (7,8). Finneran and Lovley (8) reported MTBE and 
TBA conversion to CO2 and CH4 in aquifer sediments. [14C]-MTBE/[14C]-TBA was 
transformed to 14CO2 in the presence Fe(III). Adding humic substances (HS) or 
anthraquinone-2, 6-disulfonate (AQDS) stimulated the anaerobic degradation of 
MTBE, and this was explained by an electron shuttling mechanism, in which HS or 
AQDS can serve as electron shuttles between insoluble Fe(III) oxides and iron 
reducing microorganisms. However, sulfate reduction and methanogenic activity was 
also observed, and thus the dominant terminal electron accepting process to which the 
MTBE/TBA mineralization might be attributed was not clear. Anaerobic TBA 
mineralization was found to be more difficult than MTBE. Bradley et al. (7) reported 
MTBE degradation in surface water sediment amended with Fe(III), but not TBA. 
One study using surface-water sediments reported substantial 14C-TBA mineralization 
to 14CO2 under aerobic or denitrifying or Mn(IV)-reducing conditions, but not under 
Fe(III)-reducing conditions (20).   
Due to the limited studies that have been carried out so far, anaerobic 
biodegradation of MTBE and TBA and the factors affecting the processes are not well 
understood. Besides, no anaerobic MTBE/TBA degrading organisms have been 
isolated so far, though there are a number of aerobic isolates; little is known about the 
microbial populations associated with anaerobic MTBE/TBA biodegradation. Such 
microbiological information is necessary and crucial, because biodegradation activity 
of the contaminants of interest is not only controlled by geochemical conditions in the 
14 
 
subsurface environment, but also is determined by whether appropriate 
microorganisms are present and active.  
Chlorinated ethene dechlorination  
Chlorinated solvents are among the most problematic groundwater contaminants 
because of their toxicity and resistance to biodegradation. In the past few decades, 
several anaerobic bacteria capable of chloroethene reductive dechlorination have been 
isolated. Microbial reductive dechlorination is a major pathway for TCE degradation  
in anoxic contaminated aquifers, and has been applied in bioremediation in many 
cases (28-30). However, microbial reductive dechlorination is incomplete in most 
cases, leading to the accumulation of more toxic intermediates such as vinyl chloride. 
Considering the in-situ biogeochemical conditions in contaminated groundwater 
systems, alternative electron acceptors are almost always present together with 
chlorinated ethenes, and may inhibit complete dechlorination. The studies on the 
effect of alternative TEAPs on complete chlorinated ethene degradation mostly 
focused on nitrate-reducing, sulfate-reducing or methanogenic conditions (31-37).  
Microbial reductive dechlorination of chlorinated ethenes. Polychlorinated 
compounds such as PCE and TCE are generally resistant to oxidation, because they 
are highly oxidized due to multiple chlorine substituents. They can be reductively 
dechlorinated via either energy-yielding or co-metabolic microbial dechlorination. 
Figure 2.2 shows the stepwise reductive dechloprination process from PCE to ethene. 
Dechlorinating microorganisms can gain energy by coupling the oxidation of electron 
donors to the reduction of chlorinated compounds, and this process is known as 
chlororespiration (also called dechlororespiration) (30). Extensive evidence for 
chlororespiration of chlorinated ethenes has arisen from anaerobic microcosms, 
enrichment cultures, and pure cultures (38). Besides chlororespiration, reductive 
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dechlorination can also proceed co-metabolically, in which no energy is gained from 
reductive dechlorination (39-41). Compared to chlororespiration, the rate of co-
metabolic processes is low and its contribution to the overall reductive dechlorination 
may be negligible in natural environments. Thus, microorganisms capable of 
chlororespiration are of major interest in chlorinated solvent biodegradation. 
 
Figure 2.2. Microbial reductive dechlorination of chlorinated ethenes. 
 
Microorganisms responsible for chlorinated ethene dechlorination. So far, a 
number of chlorinated ethene dechlorinating microorganisms have been isolated and 
characterized. The dechlorinating isolates were obtained from various contaminated 
or pristine sites and show remarkable differences in their substrate utilization. 
However, the level of phylogenetic diversity is surprisingly low compared to the 
physiological diversity. Generally, these microorganisms can be categorized into two 
groups. One group can reduce PCE and TCE to cis-DCE as the end product, and this 
group includes bacteria that fall in the Firmicutes, or δ- and ε- subgroups of the 
Proteobacteria. Examples are Dehalobacter restrictus strain PER-K23, D. restrictus 
strain TEA, Sulfurospirillum multivorans (formerly Dehalospirillum multivorans), S. 
halorespirans strain PCE-M2, Desulfitobacterium hafniense strain PCE-S (formerly 
Desulfitobacterium frappieri strain PCE-S), Desulfitobacterium hafniense strain 
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TCE1 (formerly Desulfitobacterium frappieri strain TCE1), Desulfitobacterium sp. 
strain PCE1, Desulfitobacterium sp. strain Viet1, Desulfitobacterium metallireducens, 
Desulfitobacterium sp. strain Y51, Desulfuromonas chloroethenica strain TT4B, 
Desulfuromonas michiganensis strains BB1 and BRS1, Clostridium bifermentans 
strain DPH-1, and Enterobacter sp. strain MS-1 (38). Another group of dechlorinating 
bacteria can carry out complete reductive dechlorination from PCE/TCE to DCE 
isomers, VC and ethene, and they form a distinct cluster of bacteria that is known as 
Dehalococcoides. These unusual bacteria are most closely affiliated with the 
Chloroflexi. Dehalococcoides species have an extremely narrow substrate range, and 
can only be grown with chloroorganic compounds as electron acceptors and hydrogen 
as an electron donor (38). Dehalococcoides ethenogenes strain 195 is the first 
discovered dechlorinating bacteria that can reduce PCE all the way to ethene, though 
the last step from VC to ethene is a co-metabolic process with low rates (42). 
Dehalococcoides sp. strain FL2 is capable of dechlorinating TCE, cis-DCE, and 
trans-DCE mainly to VC and ethene, but the final dechlorination step to ethene also 
occurs at a very low rate (43). The first VC-dechlorinating Dehalococcoides sp. strain 
BAV1 was isolated from a chlorinated ethene contaminated site. Strain BAV1 grows 
with VC as electron acceptor, and efficiently reduces VC to ethene. In addition, it can 
dechlorinate cis-DCE, trans-DCE, 1,1-DCE, 1,2-dichloroethane, and vinyl bromide as 
growth supporting terminal electron acceptors (44). Dehalococcoides sp. strain GT 
and Dehalococcoides sp. strain VS were found to degrade TCE completely to ethene 
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and each step can support growth. While stain GT was isolated as a pure culture, stain 
VS was identified in a mixed culture that can detoxify TCE to ethene.  
From the perspective of bioremediation application, Dehalococcoides have been 
found in many contaminated sites that show intrinsic dechlorination activity and have 
been inoculated to enhance in situ remediation of chlorinated solvents in groundwater 
systems (30,45). However, DCE and VC stall in contaminated sites is problematic, 
and much attention has been given to the factors that influence complete 
dechlorination activity such as electron donors, the presence of alternative electron 
acceptors, etc. 
Oxidative dechlorination of less chlorinated ethenes. Oxidative dechlorination is 
one important pathway in the biodegradation of less chlorinated ethenes. Being least 
chlorinated, VC is most likely to undergo oxidation. The aerobic condition is the most 
favorable for oxidation processes, but addition of oxygen into an anaerobic aquifer 
system is expensive and in most cases impractical. Therefore, aerobic chloroethene 
biodegradation is only limited to the edge of the contaminant plume in groundwater 
systems, where dissolved oxygen has not been depleted by microbial respiration (46). 
Microbial oxidation of chlorinated ethenes can also occur under anaerobic 
conditions. Anaerobic cis-DCE and VC oxidation has been demonstrated under 
different redox conditions including, Fe(III)-reducing, sulfate-reducing, Mn(IV)-
reducing and methanogenic conditions (46-50) . Under Fe(III)-reducing conditions, 
the bioavailability of Fe(III) is an important factor affecting the rates of anaerobic 
DCE and VC mineralization (50). 
Dissimilatory Fe(III) reduction         
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Dissimilatory Fe(III) reduction is the process in which microorganisms use 
Fe(III) as the terminal electron acceptor and reduce Fe(III) to Fe(II) not for the 
purpose of assimilation of iron (51). A large number of microorganisms can conserve 
energy for growth via the oxidation of organic compounds (e.g., acetate) or hydrogen 
coupled to the reduction of Fe(III), and they are known as dissimilatory Fe(III)-
reducting bacteria (DIRB) (52). DIRB are phylogenetically and physiologically 
diverse. Several groups have been studied in significant detail, and characteristics of 
these microorganisms are summarized below.  
Geobacteraceae. Microorganisms of the Geobacteraceae group are found to be 
the dominant populations in many subsurface environments where Fe(III) reduction is 
a dominant terminal electron accepting process, with non-culture based molecular 
analysis (5,53,54). Many pure cultures in the Geobacteraceae group have been 
isolated and studied; they include members of the genera Geobacter, Desulfuromonas, 
Pelobacter, and Desulfuromusa, in the δ-Proteobacteria. Moreover, field studies have 
demonstrated a close correlation between stimulation of Fe(III) reduction and 
enrichment of Geobacteraceae organisms. For example, when benzoate was amended 
to one aquifer to promote reductive dechlorination in a field study (53), there was an 
enrichment of Geobacter species as Fe(III) reduction was simulated at the same time.  
One physiological characteristic of many Geobacteraceae microorganisms is that 
they can use acetate as the sole electron donor. Besides, Geobacteraceae may also use 
a variety of other substrates as electron donors, such as hydrogen, lactate, succinate, 
benzoate, ethanol, glucose, and aromatic hydrocarbons (e.g., BTEX compounds from 
contaminated aquifers) (2). Particularly, the ability to use acetate is a key 
physiological advantage of Geobacteraceae species to get enriched in aquifers with 
enhanced Fe(III) reduction, because acetate is generally quite available in the 
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subsurface environment as a result of complex organic matter degradation and 
fermentation. 
Other dissimilatory Fe(III)-reducing microorganisms. Shewanella species, in 
the γ-subgroup of the Proteobacteria, are another group of intensively studied Fe(III)-
reducing bacteria (51). Shewanella species are facultative organisms. They are found 
in a diversity of environments (55), and several strains have been isolated from 
subsurface environments. These microorganisms can reduce Fe(III) with organic acids 
or hydrogen as the electron donor, and examples include Shewanella alga (56) and 
Shewanella putrefaciens (57). However, it is still unclear whether Shewanella species 
play a significant role in Fe(III) reduction in the sedimentary environment, because in 
many previous studies, Shewanella was not detected in the environment dominated by 
Fe(III) reduction, even with 16S rRNA gene based molecular analysis (53,58-60). 
Considering the physiological characteristics, electron donors that can be used by 
Shewanella species include lactate, formate, pyruvate or hydrogen, but not acetate, 
which is the primary electron donor for Fe(III) reduction (61).  
Phylogenetic diversity of DIRB extends beyond the Proteobacteria. Geothrix 
fermentans, isolated from a petroleum contaminated Fe(III)-reducing aquifer, was 
found to reside in a novel branch in the Bacteria.  Some thermophilic or 
hyperthermophilic microorganisms were found to have the ability to reduce Fe(III) 
too (52), but they are not discussed in detail here as these microorganisms are not 
relevant in the aquifer environment of interest in this study. 
Dechlorination and Fe(III) reduction 
Gibbs free energy changes and hydrogen threshold concentrations of Fe(III) 
reduction and chlororespiration. Table 2.1 summarizes the Gibbs free energy 
changes and hydrogen threshold concentrations of major terminal electron accepting 
20 
 
processes (TEAPs) reported in literature (62-70). Hydrogen threshold concentration 
means the minimum steady state H2 concentration as a result of the reduction of a 
specific terminal electron acceptor, and the concentration is inversely correlated with 
the Gibbs free energy change of the redox reaction. In anaerobic subsurface 
environments, there is a thermodynamic relationship between H2 steady state 
concentration and a particular TEAP; H2 can be used as an indicator of the TEAP 
taking place in the system (67,71,72). Comparison of ΔG0’ and E 0’ shows that 
chlororespiration is more thermodynamically favorable than sulfate reduction and 
methanogenesis, but less favorable than nitrate reduction. Comparison of H2 threshold 
concentrations in the table suggests the same trend.  
 
Table 2.1. H2 threshold concentrations, ΔG0’ values, and redox potentials of different 
redox couples with H2 as the electron donor.  
TEAPs 
H2 threshold 
concentrations 
ΔG0’ (kJ/mol 
H2 
E 0’ (V) 
 
References 
 
[ppmv] [nM] 
Nitrate reduction (NO3- 
 N2O, N2) 
<0.06 <0.05 -240 +0.79 (63,67) 
Chlororespiration a <0.4 0.04-0.3 -130 to -187 +0.30-+0.55 (63) 
PCE/TCE reduction b n.a. 0.6-0.9 n.a. n.a. (73) 
cis-DCE reduction b n.a. 0.1-2.5 n.a. n.a. (73) (70) 
VC reduction b n.a. 2-24 n.a. n.a. (73) (70) 
Fe(III) reduction 0.13-1 0.1-0.8 -108 +0.76 (Fe3+) 
+0.118 (Fe(OH)3)  
(63,67,69,71,
73) 
Sulfate reduction (SO42- 
 HS-) 
1.3-19 1-15 -38 -0.22 (66,68,71) 
Methanogenesis 6-120 5-95 -33.9 -0.24 (66-68,71) 
Note: a. “Chlororespiration” represents reductive dechlorination of different 
chloroethenes including PCE/TCE, cis-DCE and VC as reported in the literature. b. 
the literature reported different hydrogen threshold values for different chloroethenes, 
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and thus the information is given individually as a complementation to the overall 
range given for “Chlororespiration”.  
 
A common opinion is that Fe(III) reduction will cause inhibition of complete 
TCE dechlorination. Dupont et al. (74) reported limited TCE dechlorination and 
substantial releases of Fe(II) in the microcosms containing contaminated aquifer 
material, and thus it was proposed that the presence of Fe(III) may be the reason for 
the inhibition of TCE dechlorination. Evans and Koenigsberg (75) assessed 13 
PCE/TCE contaminated sites across the United States, and reported incomplete 
TCE/PCE dechlorination coincided with Fe(II) production, but one site showed 
dechorination beyond cis-DCE with Fe(III) reduction.  
However, it is noteworthy that the thermodynamic values for chlororepiration 
and Fe(III) reduction have overlaps, indicating that Fe(III) may not definitely inhibit 
dechlorination.  There is large variation of hydrogen threshold concentrations for 
Fe(OH)3 reduction, and the redox potential of Fe(III) is highly dependent on Fe(III) 
speciation. Insoluble Fe(III) oxides are the predominant Fe(III) form in most soil and 
sedimentary environments at circumneutral pH. Soluble Fe(III) chelated with organic 
ligands has also been detected in some anoxic sediments, soils or groundwater (54), 
but soluble Fe(III) may not be universally present especially in the environment poor 
in organic matter.  Because of the overlap, it may not be correct to take it for granted 
that Fe(III) reduction will inhibit chlorinated ethene reduction. Experimental study is 
warranted to understand how Fe(III) reduction would influence chlorinated ethene 
dechlorination. 
Dechlorination ability of dissimilatory Fe(III)-reducing bacteria. It has been 
reported that some DIRB can use chlorinated compounds as terminal electron 
acceptors as well. Members of Geobacteraceae, including Desulfuromonas 
22 
 
chloroethenica, Desulfuromonas michiganesis and Geobacter lovleyi, were found to 
use acetate as electron donor to reduce PCE to cis-DCE (76-78). Several 
Desulfitobacterium species, Myxobacteria species and Anaeromyxobacter 
dehalogenans were also reported to carry out reductive dechlorination as well as 
Fe(III) reduction (79-81). Concurrent Fe(III) reduction and reductive dechlorination 
was observed in several isolates. Anaeromyxobacter dehalogenans could degrade 2-
chlorophenol in the presence of Fe(III) oxide without significant decrease of 
dechlorination rates (79); Desulfuromonas michiganesis and Geobacter lovleyi 
(78,82) can reduce PCE and ferric iron concomitantly, with cis-DCE as the end 
product. These findings were from pure culture lab studies, but they indicate that 
simultaneous Fe(III) reduction and dechlorination might occur in contaminated 
aquifers as well. 
Abiotic dechlorination by reduced iron compounds.While much effort has 
focused on the biologically mediated reductive dechlorination, there has been an 
increased interest in abiotic processes for chlorinated ethene degradation. Various 
reduced iron species have been reported to stimulate abiotic reductive dechlorination. 
Iron oxide minerals such as magnetite can transform chlorinated ethenes to non-
chlorinated products (e.g. ethene, ethane, acetylene) (83,84); a plume of cis-DCE was 
reported to be degraded by magnetite abiotically at rates comparable to biological 
processes (85). Iron sulfides have been shown to completely reduce chlorinated 
compounds in a similar way, and the minerals studied include pyrite (86), troilite (83), 
mickinawite (87,88), and green rust (89). Fe(II) adsorbed to mineral surfaces or 
chelated forms of Fe(II) can also stimulate abiotic transformation of chlorinated 
compounds (90-92). 
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 These reactive iron compounds can be formed under Fe(III)-reducing conditions 
(93,94). For example, mixed iron oxides such as magnetite or reactive surface-bound 
Fe(II) species can be formed by DIRB (51). Besides, under the shifting 
biogeochemical conditions where both Fe(III) reduction and sulfate reduction occur, 
iron sulfides may be formed and may serve as reductant for abiotic dechlorination as 
well. The biological generation of minerals such as pyrite, siderite, and green rust is 
feasible and has been observed in nature (95). An important scenario in which iron 
sulfide compounds may contribute to abiotic dechlorination is reductive 
dechlorination in permeable reactive barrier (PRB) systems. As both iron and sulfate 
are abundant in groundwater environments, Fe(III)- and sulfate/sulfur- reductions  are 
typically stimulated in the PRB system with large amount of electron donors, leading 
to the formation of iron sulfide compounds. FeS precipitation has been reported in 
several reactive barrier systems (96-98). Amorphous FeS and poorly crystalline 
mackinawite have been observed in PRB systems constructed with zerovalent iron 
and also in the PRB system that was designed to enhance microbial reductive 
dechloriation with plant mulch (97,98). These observations suggest a potential link 
between abiotic dechlorination and biological Fe(III) reduction in the subsurface 
environment. Though both processes have been studied individually, little is known 
about the potential interaction between microbial Fe(III) reduction and abiotic 
reductive dechlorination. 
In sum, dissimilatory Fe(III) reduction has been studied extensively, but very 
limited information is available on organic contaminant bioremediation under  Fe(III)-
reducing conditions. On the one hand, understanding anaerobic degradation of fuel 
oxygenate MTBE and TBA with Fe(III) as a terminal electron acceptor (TEA) as well 
as other TEA needs further investigation on both the process and microorganisms 
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involved. On the other hand, based on the current knowledge as reviewed above, the 
potential role of Fe(III) reduction in chlorinated ethene dechlorination can be rather 
complicated, and the actual effect of Fe(III) on complete dechlorination has not been 
comprehensively investigated and thus is unclear.     
Research objectives  
This dissertation aimed to understand the effects of biological Fe(III) reduction 
on fuel oxygenates anaerobic biodegradation and on chlorinated ethene 
dechlorination, respectively, and the use of the knowledge to improve bioremediation 
of the contaminants of interest. Specifically, the objectives of the study were to:  
Part I 
1. Evaluate the biodegradability of MTBE and TBA under Fe(III)-reducing 
conditions and set up model systems (including both sediment microcosms 
and enrichment cultures) active in MTBE and TBA anaerobic biodegradation;  
2. Determine the effect of stimulating Fe(III) reduction on MTBE and TBA 
degradation as compared to other TEAPs in the sedimentary environment; 
3. Characterize the microbial community compositions in anaerobic MTBE and 
TBA biodegradation and identify group(s) of microorganisms relevant to the 
degradation process. 
Part II 
4. Characterize how TCE dechlorination would occur under Fe(III) reducing 
conditions; 
5. Compare kinetics and daughter products of TCE dechlorination under 
conditions with and without Fe(III) reduction, and determine the effect of 
different Fe(III) species on complete dechlorination; 
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6. Determine the effect of Fe(III) reduction on dechlorination rates and pathways 
of cis-DCE and VC;  
7. Analyze microbial community compositions and dynamics during concurrent 
dechlorination and Fe(III) reduction, and understand the potential interactions 
between relevant microbial populations;  
8. Evaluate the effect of different electron donor concentrations on complete 
dechlorination and other TEAPs including Fe(III) reduction and 
methanogenesis. 
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CHAPTER 3 
MICROBIAL COMMUNITY ANALYSES OF THREE DISTINCT, LIQUID 
CULTURES THAT DEGRADE METHYL TERT-BUTYL ETHER (MTBE) 
USING ANAEROBIC METABOLISM 1 
 
Abstract  
Methyl tert-butyl ether (MTBE) is a prevalent groundwater contaminant. In this 
study, three distinct MTBE-degrading, anaerobic cultures were derived from MTBE-
contaminated aquifer material: cultures NW1, NW2 and NW3. The electron acceptors 
used are anthraquinone-2,6-disulfonate (AQDS; NW1), sulfate (NW2) and fumarate 
(NW3), respectively. 1-2 mM MTBE is consistently degraded within 20-30 days in 
each culture. 16S rDNA-based amplified ribosomal DNA restriction analysis 
(ARDRA) was used to analyze the microbial community in each culture.  The results 
indicate novel microorganisms (i.e., no closely related known genera or species) 
catalyze anaerobic MTBE biodegradation, and microbial diversity varied with 
different electron acceptors.  Tert-butyl alcohol (TBA) accumulated to nearly 
stoichiometric levels, and these cultures will be critical to understanding the factors 
that influence TBA accumulation versus degradation. The cultures presented here are 
the first stable anaerobic MTBE-degrading cultures that have been characterized with 
respect to taxonomy.   
 
 
1. Reproduced in part with permission from Wei, N. and K.T. Finneran. Biodegradation, 2009, 20: 
695-707. 
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Introduction 
Fuel oxygenates were employed as gasoline additives to improve combustion 
efficiency and to reduce carbon monoxide emission to the atmosphere since the 
1970s. 85% of the oxygenate use in the United States was methyl tert-butyl ether 
(MTBE) because of its favorable characteristics with respect to refined fuel (1). By 
1996, 30% of gasoline consumed in the United States was amended with MTBE (2), 
and by 1998 MTBE production was the fourth largest among domestic bulk chemical 
production (3). It has been phased out nationwide and most often replaced by ethanol 
(4-6).  MTBE contamination arose from gasoline spills and leaking underground fuel 
storage tanks, transportation systems and industrial wastewater.  MTBE is very water 
soluble (~50,000 mg/L at 25°C) and does not significantly adsorb to subsurface solids 
due to its low octanol-water partition coefficient (log Kow = 1.2) (7). Gas-phase 
partitioning is minimal because of its Henry’s law constant (5.9x10-4 atm m3 mol-1). 
Plumes in groundwater can migrate from the source area and threaten sensitive 
receptors such as drinking water intake wells.  MTBE influences the taste and odor of 
water even at low concentration (< 30 µg/L) (8), and is regarded as a potential human 
carcinogen (2).  
Bioremediation has been considered a cost-effective strategy for several years (7). 
The majority of previous pure or mixed culture studies on MTBE biodegradation were 
performed under aerobic conditions.  Microorganisms capable of degrading MTBE 
aerobically have been isolated (9-14) or studied as part of MTBE-degrading consortia 
(10,15). These cultures can degrade MTBE with oxygen as terminal electron acceptor 
and require dissolved oxygen concentrations greater than 2 mg/L.  
Biodegradation in anoxic environments has been well-documented (7,16-18), but 
there have been no reports to date on the specific microorganisms involved in Fe(III)- 
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or sulfate-reducing MTBE biodegradation, which are considered prevalent processes 
for in situ, anaerobic MTBE biodegradation.  In previous anaerobic investigations 
results with materials from different sites varied considerably, and conclusions of 
different investigations were often contradictory (7, 17). What was missing from all 
anoxic studies were model cultures that could be manipulated in the same manner as 
the aerobic microorganisms so that single variables could be tested while other 
conditions remained constant in reasonable time frames (days or weeks rather than 
months or years).  The only reported “culture” has been a sulfate-reducing culture that 
was maintained as a solids-containing aquifer enrichment rather than a liquid 
enrichment (19).  The number of studies that can be performed with cultures in 
sediment is limited, and to date the dominant organisms have not been identified. 
The primary limitation to understanding microbial physiology, biochemistry, and 
molecular ecology of anaerobic MTBE metabolism has been the lack of liquid 
cultures that maintain consistent activity with repeated transfers, in a reasonable 
timeframe for experimentation.  Although anaerobic MTBE biodegradation has been 
reported in sediment incubations (microcosms) (7), and one enrichment that was 
maintained in sediment (19), to date stable liquid cultures have not been characterized 
in terms of activity or microbial community composition.  Three such cultures and the 
accompanying phylogenetic data are presented below. 
We have enriched three distinct liquid, anaerobic cultures: NW1, NW2, and 
NW3, from MTBE-contaminated aquifer material.  All cultures are stable in liquid 
medium (i.e., solids free) and activity is very consistent with each MTBE re-
amendment and transfer to new medium.  The cultures use different electron 
acceptors, and 16S rRNA gene analyses of the total communities indicate novel 
Bacteria involved in anaerobic MTBE biodegradation.  Tert-butyl alcohol (TBA) has 
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accumulated under the culture conditions, suggesting these cultures will be critical to 
understanding the environmental factors that influence TBA accumulation versus 
degradation.  
Material and methods 
Chemicals. MTBE (ACS reagent >99%), anthraquinone-2, 6-disulfonate 
(AQDS), sodium sulfate, and sodium nitrate were purchased from Sigma-Aldrich 
(Milwaukee, WI). HPLC-grade methanol, ethanol, benzene and toluene were 
purchased from Sigma Chemical Co. (St. Louis, MO). Poorly crystalline Fe(III) 
(hydr)oxide was synthesized as previously described (20). 
Sample collection. Sediments were collected from a petroleum-contaminated 
aquifer of a gasoline station site in California. The material was originally sent to the 
University of Oklahoma for use in MTBE biodegradation microcosm studies and 
compound specific stable isotope analysis (CSIA).  A sub-sample of the sediment was 
stored anoxically and shipped overnight in sealed containers to the University of 
Illinois laboratory, where they were stored at 4°C until use.  
Medium and enrichment incubation. The growth medium was a defined 
freshwater medium (21), prepared as described below. The medium contained (g/L 
unless otherwise specified): NaHCO3, 2.5; NH4Cl, 0.25; NaH2PO4•H2O, 0.6; KCl, 
0.1; modified Wolfe’s vitamin and mineral mixtures (each 10 mL/L) and 1 mL/L of 1 
mM Na2SeO4. The final concentrations of vitamins in the freshwater medium (1 L) 
were: 20 μg biotin, 20 μg folic acid, 100 μg pyridoxine HCl, 50 μg riboflavin, 50 μg 
thiamine, 50 μg nicotinic acid, 50 μg pantothenic, 1μg B12, 50 μg p-aminobenzoic 
acid, 50 μg thioctic acid; the final mineral concentrations were: 15 mg nitrilotriacetic 
acid (NTA), 30 mg MgSO4, 5 mg MnSO4•H2O, 10 mg NaCl, 1 mg FeSO4•7H2O, 1 
mg CaCl2•2H2O, 1 mg CoCl2•6H2O, 1.3 mg ZnCl2, 100 μg CuSO4•5H2O, 100 μg 
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AlK(SO4)2•12H2O, 100 μg H3BO3, 250 μg Na2MoO4, 240 μg NiCl•6H2O, 250 μg 
Na2WO4•2H2O and 189 μg Na2SeO4. The final pH of the medium was 6.8-7.0, 
buffered by HCO3-:CO2. 9 mL of medium was dispensed into each anoxic pressure 
tube, and then flushed with anoxic N2/CO2 (80:20) which had passed through a 
heated, reduced copper filled glass tube to remove trace oxygen. The medium tubes 
were sealed with thick butyl rubber stoppers and crimped with aluminum caps, and 
then sterilized by autoclave at 121°C for one hour. 
Enrichment incubations were set up with strict anoxic techniques as previously 
described (22). Briefly, the sediments were homogenized in an anoxic glovebag filled 
with N2, CO2 and hydrogen, and then approximately 1g of sediment was distributed 
into each anaerobic pressure tube containing defined freshwater media. The tubes 
were resealed and once taken out of the glovebag, the headspace was flushed with 
N2/CO2 (80%:20%) to remove H2 and to increase the CO2 partial pressure. Sterile 
controls were prepared by autoclaving the sediment tubes at 121°C one hour per day 
for three consecutive days. The electron acceptors used included anthraquinone-2, 6-
disulfonate (AQDS) (5 mM), fumarate (10 mM), poorly crystalline Fe(III) 
(hydr)oxide (50 mmol/L), sulfate (10 mM) and nitrate (10 mM). The amount of 
MTBE added ranged from 1 mM to 2 mM according to the types and concentrations 
of electron acceptors amended.  Un-amended controls were set up by adding only 
MTBE without any electron acceptor. Uninoculated controls were set up by adding 
MTBE and the corresponding electron acceptors without culture inoculum. All 
reagents were added from sterile, anoxic stock solutions.  
The enrichments were initially incubated at 18°C in dark without shaking. After 
MTBE degradation was consistent in these original incubations, transfers (10% v/v) 
were made and were placed at 18°C, 30°C or 37°C. MTBE degradation was tracked 
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as described below. Activities under different temperatures were compared in order to 
optimize culturing conditions and to determine the influence of temperature as well. 
Positive MTBE degrading enrichments were re-amended with MTBE and the 
corresponding electron acceptors.  Once MTBE degradation was consistent in the re-
amended enrichments, 10% liquid was inoculated to new anoxic freshwater medium 
with the same concentration of MTBE and electron acceptor. Electron acceptor 
reduction was determined visually by observing color change (AQDS), precipitation 
(sulfate – sulfide production with Fe(II) added), or turbidity (fumarate).  
Analytical techniques. MTBE loss in the original enrichment incubations was 
initially tracked by sampling 0.1 mL of headspace with a gas lock syringe (Hamilton) 
and analyzed by gas chromatography connected to a flame ionization detector (FID) 
(Hewlett Packard Series 6890A), with an HP-1 capillary column (Hewlett Packard). 
Starting with the first transfer (to fresh medium) MTBE and potential degradation 
products were measured by gas chromatography equipped with mass spectrometry 
(GC-MS; Varian 4000, Varian Inc.) for greater sensitivity as described below.  At 
each sampling point, 0.2 mL liquid was taken via an anaerobic syringe from each 
enrichment culture and injected into a specific vial for GC-MS auto-sampler. The vial 
was heated at 90°C for 10 min, and then 1 mL heated headspace sample was taken 
and injected into a capillary column (Varian, fused silica, VF-5MS 0.25 mm X 0.25 
µm X 30m) with the gas tight syringe. The oven temperature was held at 30°C for 3 
min, and then increased by 25°C/min to 220°C. MTBE and TBA standards were 
measured each time together with samples and four-point calibration curves were 
made to quantify the concentrations of the compounds.  
DNA extraction. Genomic DNA from the active MTBE-degrading, sediment-
free enrichment cultures was extracted by using the FastDNA® Spin Kit (MP 
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Biomedicals). Briefly, cells were harvested by centrifugation (3 mL culture liquid; 
5,000xg for 6 min) and resuspended in sterile water. Cells were lysed with a bead-
beating device according to the manufacturer’s instruction. DNA extraction was 
performed according to the protocol provided with the kit. The extracted DNA was 
confirmed on 2% agarose gel, and quantified by spectrophotometer.  
Amplified ribosomal DNA restriction analysis (ARDRA). ARDRA was 
applied after DNA extraction to analyze community compositions in the cultures. The 
main steps included: 16S rDNA PCR, cloning and PCR amplification, restriction 
enzyme digestion of amplified DNA, sequencing and phylogenetic analysis.  
16S rDNA PCR was performed with Eubacterial universal primers 338F (5’- 
ACT CCT ACG GGA GGC AGC -3’) and 907R (5’-CCG TCA ATT CCT TTG AGT 
TT-3’). Temperature conditions for PCR were: initial denaturation at 94°C for 4 min, 
35 cycles of 94°C for 1 min, 54°C for 1 min and 72°C for 1 min 30 s, the final 
extension at 72°C for 8 min and then holding at 4°C. Positive amplification was 
determined by electrophoresis on 2% agarose gel stained with ethidium bromide 
(BioRAD) and visualized under UV light.  Tris-Acetate-EDTA (TAE) buffer (0.5X 
made from 10X buffer by Sigma) and molecular grade agarose (BioRAD) were used. 
Cloning and transformation were performed using the TOPO TA Cloning® Kit 
for Sequencing with One Shot® Mach1TM-T1® competent cells (Invitrogen). The 
cells were grown on LB agar plates containing 50 µg/mL kanamycin. Blue and white 
screening was performed to identify positive clones. Individual white colonies were 
picked randomly and added directly to PCR reactions. M13 primers (M13for-21: 5´-
GTA AAA CGA CGG CCA GT-3’; M13rev-24: 5’-AAC AGC TAT GAC CAT G-
3’) targeting locations on the plasmid were used as recommended in the kit.  The 
initial denaturation condition was 94°C for 10 min to lyse the cells prior to the PCR 
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temperature program began. The PCR conditions were: 30 cycles of 94°C for 1 min, 
55°C for 1 min and 72°C for 1 min 30 s, the final extension at 72°C for 8 min and 
then holding at 4°C. The quality of PCR products were verified by gel 
electrophoresis. More than 50 clones were amplified for each sample. The M13-
primer PCR products were digested with two restriction enzymes, HhaI and MspI (NE 
BioLabs), in the presence of bovine serum albumen (100 μg/mL) and NE Buffer 2 
(NE BioLabs). The digested products were separated on a 3% Metaphor agarose gel 
(Cambrex Bio Science). The DNA band patterns were visualized and recorded using 
Molecular Imager Gel Doc XR System (Bio-RAD).  
Clone representatives for unique ARDRA patterns were selected and sequenced 
using M13for-21 primer. The selected PCR products for sequencing were purified 
using a QIAquick PCR purification kit (QIAGEN). The sequencing was performed by 
W. M. Keck Center for Comparative and Functional Genomics at University of 
Illinois, Urbana-Champaign.  
Microbial community analysis. To describe microbial population distributions 
of the MTBE-degrading cultures, the frequency of each clone in a library was 
calculated and clones that represented at least 10% of the total clones were 
operationally defined as “dominant.” The sequences were compared with GenBank 
databases using the nucleotide BLAST (National Center for Biotechnology 
Information), and the relative with the highest identity value in the BLAST results 
was used to classify each distinct clone. Clones of which the closest known relatives 
were of less than 92% similarity were classified as “unidentified.”  A phylogenetic 
tree was constructed using the program Geneious 3.7.1 using maximum likelihood of 
PHYML with manual sequence alignment (23). The confidence of tree topologies was 
examined by bootstrap re-sampling for 1000 replicates.  Reference microorganisms 
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were sulfate reducing bacteria, Fe(III)-reducing bacteria and previously reported 
MTBE- and/or TBA-degrading microorganisms.  
Alternate substrate utilization. The potential for these cultures to grow on 
other substrates was characterized. Substrate tested included: lactate (10 mM), acetate 
(10 mM), formate (10 mM), ethanol (10 mM), methanol (10 mM), benzene (2 mM) 
and toluene (2 mM). Cultures were inoculated to freshwater media (5% inoculum) via 
strict anoxic techniques as described before. Controls were set up with the same 
amount of inoculation and electron acceptors but no substrate amendment. Growth 
was determined spectrophotometrically at 600 nm for sulfate- and fumarate-amended 
cultures, and at 450 nm for AQDS amended cultures to detect the concentration of 
anthrahydroquinone-2,6-disulfonate (AH2QDS).  
Results 
Culture development. Enrichment incubations were set up to determine if 
MTBE- or TBA-degrading organisms in the native incubations were recoverable in 
viable liquid cultures.  There were significant lag periods for each of the electron 
acceptors tested, ranging from 240 to 315 days prior to complete degradation (data not 
shown).  MTBE was not degraded in the nitrate-amended enrichments (and to date 
activity is absent, data not shown.)  AQDS amended, sulfate amended and fumarate 
amended enrichments completely degraded MTBE (not TBA) relative to uninoculated 
controls, and were further characterized. 
MTBE was re-added to each bottle that had originally degraded MTBE, and the 
original enrichment (for each electron acceptor) was re-spiked with MTBE until the 
continuous degradation timeframe was approximately 30 days (AQDS and sulfate 
amended) or 20 days (fumarate amended) (data not shown).  Once activity was 
continuous in the original (sediment bearing) enrichment, the material was transferred 
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to fresh medium (10% vol/vol transfer) with MTBE plus the original electron 
acceptor.  Each transfer was re-spiked at least three times to maintain activity, and 
each culture was transferred a minimum of five times such that approximately 0.001% 
of the possible sediment remained in each liquid culture (a negligible mass).  At this 
point the cultures were given names and designated stable, liquid cultures.  The names 
given were: NW1 (AQDS reducing), NW2 (sulfate reducing), and NW3 (fumarate 
reducing). 
Culture NW1 completely degrades 1 mM MTBE with nearly stoichiometric 
production and accumulation of TBA (Figure 3.1).  Degradation is complete within 
20-30 days (at 30°C) depending on when the MTBE is re-spiked or when the culture 
is transferred.  Degradation is fastest at 30°C; however, culture NW1 can also degrade 
MTBE at 18°C and 37°C (data not shown).  AH2QDS is re-oxidized using poorly 
crystalline Fe(III) oxide each time MTBE is re-spiked.  TBA increased only slightly 
after the fourth MTBE re-amendment, when compared to the increases during the first 
three additions which were stoichiometric.  The capacity for the culture to degrade 
TBA as the sole substrate was tested by regenerating the electron acceptor AQDS by 
adding Fe(III) (which re-oxidizes the hydroquinone to the quinone), without adding 
MTBE. However, no significant TBA degradation was quantified (data not shown).   
TBA was also not degraded when it was added as the sole carbon and energy source 
for NW1 (data not shown).  The uninoculated control did not degrade MTBE within a 
similar time frame to the active culture NW1 (embedded plot, Figure 3.1). Identical 
control results were obtained with cultures NW2 (embedded plot, Figure 3.2) and 
NW3 (embedded plot, Figure 3.3).  
Culture NW2 completely degrades 2 mM MTBE with stoichiometric TBA 
accumulation in approximately 20 days (Figure 3.2).  TBA has not been completely 
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degraded by culture NW2 and it does not degrade TBA when it is added as the sole 
substrate (data not shown).  Sulfate reduction was evident by the immediate formation 
of a black precipitate when anoxic FeCl2 was added to active tubes.  In addition, the 
characteristic odor was present when spent tubes were opened for DNA analyses. 
Culture NW3 completely degrades 2 mM MTBE with near stoichiometric 
accumulation of TBA, and TBA does not further degrade (Figure 3.3).  The 
degradation timeframe is consistently 20-25 days depending on the time of re-spike or 
transfer (Figure 3.3).  Succinate was not analyzed, but OD600 increases associated 
with MTBE degradation in inoculated versus uninoculated controls or no-fumarate 
controls (both of which had no detectable increase in optical density at 600nm) 
demonstrates biomass growth associated with fumarate reduction (data not shown).   
Microbial community analyses. Three clone libraries were constructed using 
amplified 16S ribosomal DNA restriction analysis (ARDRA) and distinct clones were 
assigned to different major phyla, as shown in Figure 3.4.  Clones that comprised 10% 
or more of the total clones were operationally defined as dominant (Figure 3.4).  
Dominant clones were assigned alphanumeric designations (e.g. MA1).  Culture NW1 
had 13 different ARDRA patterns from 50 total clones. The highly dominant clone 
group MA1 represented 48% of the entire clone library. It is closely related to an 
uncultured bacterium clone anNCS10 (GenBank EF034939.1) derived from an Arctic 
permafrost soil from Spitsbergen, Northern Norway.  The closest known (cultured = 
known) microorganism, Desulfuromusa kysingii, is only 84.7% related to MA1 (Table 
3.1). The next most dominant clone MA2 comprised a much smaller fraction of the 
community than MA1 (10%), and was found to have the highest identity value to a 
clone TfC20H73 (GenBank DQ676393.1) from a suboxic freshwater pond. Neither of 
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the dominant clones in NW1 was closely related to any known species. Other 
phylotypes were primarily affiliated with the phyla Firmicutes and Actinobacteria. 
 The sulfate-reducing culture NW2 was comparatively diverse.  29.8% of the 
total clones classified as the phylum Actinobacteria; the two dominant representatives 
were MS3 and MS4, and the closest relationships were obtained with uncultured 
actinobacterium clone MVS-103 (GenBank DQ676393.1) derived from 
environmental sediment samples, with 98.1% and 98.3% similarities, respectively 
(Table 3.1). The most dominant single clone was MS1 with the highest frequency 
19.3%; it was 100% related to an uncultured Spirochaetes bacterium (GenBank 
EU266876.1) detected in a tar oil contaminant plume where anaerobic toluene 
degradation occurred (24). 15.8% of 57 clones were classified into the class 
Deltaproteobacteria, predominated by MS2 which was related to Desulfomicrobium 
sp. STP10 (GenBank AJ006611.1) with 99.5% similarity. 11 sequences were assigned 
to the order Clostridiales under the phylum Firmicutes, representing 19.3% of the total 
population. 
Betaproteobacteria were the most abundant phyla in culture NW3 (Figure 3.4).  
All of the sequences related to this phylum were highly related to Formivibrio citricus 
(GenBank Y17602.1) with identity values between 97% and 98%, and clone MF3 as 
the majority phylotype.  Another dominant clone was closely related to Clostridium 
sp. Kw12 (GenBank AB277862.1) (MF1 in Table 3.1), which is a member of the 
phylum Firmicutes.  Two other dominant clones MF2 and MF4 were associated with 
uncultured clones from environmental samples and had low similarities (86-93%) to 
currently known species. 
A phylogenetic tree was constructed to illustrate the relationship of the dominant 
clones derived in our cultures to known sulfate reducers, Fe(III)/AQDS reducers and 
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aerobic MTBE and/or TBA degraders (Figure 3.5).  The dendrogram indicated that 
clones from the three different cultures correlated with each other and assembled into 
two main groups.  MA2, MS3, MF4 were closely associated and are affiliated with 
Rubrobacter taiwanensis, as also indicated in Table 3.1.  Additional related species 
included Mycobacterium austroafricanum and Rhodococcus sp. DEE5151, both of 
which are known aerobic MTBE degraders (25,26).  The other distinct group included 
MA1, MS1, MS4, MF1 and MF3. A closely related species was Shewanella 
oneidensis, an organism that is capable of growing on a vast range of electron 
acceptors (27). The cluster associated with this group consists primarily of 
microorganisms involved in MTBE/TBA degradation under oxic conditions. MS2 
was found to be among the cluster of sulfate reducing bacteria and was assigned to the 
genus Desulfomicrobium because of the high identity value with the known species in 
Desulfomicrobium; MF1 was affiliated with Spirochaetes bacterium SA-10. 
All clone sequences have been submitted to the GenBank database and accession 
numbers are pending. 
Initial characterization of substrate utilization. Test results (Table 3.2) 
demonstrate that the utilization of substrates (carbon and electron donor) other than 
MTBE varied in the three cultures. The AQDS-reducing culture NW1 used benzene, 
ethanol, lactate and formate as alternative substrates within 20 days.  The sulfate 
reducing culture NW2 grew only on lactate and formate. The fumarate-amended 
culture NW3 grew on toluene, but did not utilize any of other tested substrates. 
Growth on methanol or acetate was not observed in any of the three cultures.  
Discussion 
Anaerobic mixed liquid cultures degrading MTBE coupled to the reduction of 
AQDS, sulfate or fumarate were enriched from MTBE-contaminated aquifer material.  
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They are the first stable, sediment-free (liquid) anaerobic MTBE-degrading cultures.  
In addition, these are the first data reporting the microbial community involved in 
anaerobic MTBE biodegradation. 
AQDS is an analog of humic substance quinone moieties, which can be used by 
many microorganisms as electron acceptors (28, 29).  It is possible that humics are the 
relevant in situ electron acceptor; our past data demonstrate that humics were critical 
to MTBE degradation (16).  Many dissimilatory Fe(III)-reducing microorganisms also 
use AQDS as a terminal electron acceptor (30), which suggests that MTBE 
degradation can be mediated by Fe(III) reduction in situ.  This would be important 
because Fe(III) is the dominant terminal electron acceptor in many aquifer sediments 
(31) and effective in situ bioremediation strategies must encompass Fe(III)-reducing 
conditions in many cases.  
Somsamak et al. (19) reported complete loss of MTBE in sulfate enrichment 
incubations with fuel contaminated estuary sediment. In their study, 1.1 mM MTBE 
was transformed to a stoichiometric amount of TBA with the concomitant reduction 
of sulfate after 1160 days of incubation. Further transfers for MTBE degradation from 
the original incubation were not reported in the initial study.  Follow up reports with 
compound specific stable isotope analyses (CSIA) and the AK or CC enrichments 
(from Somsamak’s previous study) indicated that secondary sediment-containing 
enrichments developed from the original incubation did degrade MTBE (32).  
However, these enrichments have not been reported in liquid culture and the 
microbial community has not been characterized.   
Culture NW2 (presented here) demonstrated continuous, transferable MTBE-
degrading activity under sulfate reducing conditions.  Methane has not been detected 
at any point with this enrichment; therefore clone analysis with Archaeal primers was 
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not performed.  Sulfate has been widely reported as a significant electron acceptor for 
in situ, anaerobic MTBE and TBA transformation (19,33-35).  Therefore, culture 
NW2 will be critical to understanding oxygenate degradation on a mechanistic level 
as well as the microorganisms involved. 
Fumarate is an organic acid oxyanion that can be reduced to succinate.  Fumarate 
and succinate are key carbon compounds in central metabolism (citric acid cycle), but 
as an electron acceptor fumarate (and its reduction product succinate) remains as 
extracellular molecules.  Many known Fe(III)-reducing microorganisms use fumarate 
as an alternate electron acceptor (36).  The model Fe(III) reducer Geobacter 
sulfurreducens is often grown in continuous culture using fumarate because of the 
high cell yield and ease of use (37).  Fumarate may be a good amendment to stimulate 
in situ MTBE degradation, as it is relatively nontoxic and completely soluble in water. 
Utilization of this different electron acceptor for MTBE biodegradation suggested that 
respiratory processes in anaerobic environment under which MTBE can be degraded 
are diverse.  
TBA is produced in nearly a stoichiometric manner by all cultures. TBA 
accumulates in NW1 and NW3; however, it began to decrease slightly, together with 
MTBE degradation in NW2 after 50 days incubation. TBA is the primary 
intermediate of MTBE degradation and its degradation is site specific (38-40). In a 
microcosm study with bed sediment of the Ohio River, stoichiometric transformation 
of MTBE to TBA was reported and TBA accumulated as a dead-end product under 
methanogenic conditions (38).  In sulfate-reducing enrichments reported by 
Somsamak et al. (19), MTBE degradation also ended with TBA.  In alternate batch 
studies, [14C]-TBA was mineralized under nitrate- or sulfate- reducing conditions 
(33,35) or in the presence of Fe(III), sulfate, or under methanogenic conditions (16), 
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indicating that TBA biodegradation under in situ anaerobic conditions is possible.  
These results demonstrate that methyl group attack is the initial step in anaerobic 
MTBE degradation, as supported by previous reports.  TBA decreased in NW2 after 
the third MTBE addition, and less TBA accumulated in NW1 after the fourth addition 
relative to the concentration of TBA that accumulated in the three prior MTBE 
amendments. One reasonable explanation may be that TBA degradation is catalyzed 
by the similar enzymatic systems as MTBE, but MTBE is needed to induce the 
enzyme systems.  This has been suggested for several of the aerobic organisms 
identified in Figure 3.5.  Now that three different anaerobic cultures are available, we 
can identify the physiological factors that control MTBE and TBA biodegradation.   
In addition, the lack of TBA degradation may have been an artifact of limitations in 
the growth medium.  Cobalamin and/or cobalt have been identified as cofactors that 
are needed in excess of typical freshwater medium concentrations for TBA oxidation 
and subsequent carbon assimilation from TBA. 
Methylotrophic growth may be critical to all of the MTBE-degrading cultures 
identified here.  Methylotrophy is an important metabolism for aerobic MTBE 
degradation.  The rapid growth of NW1 and NW2 on formate also suggests potential 
dependence of the cultures on C1 compounds during anaerobic MTBE/TBA 
degradation.  To date, TBA has not substantially degraded with the cultures presented 
in this study.  More research is being carried out to determine whether TBA amended 
directly into these cultures can be degraded and to understand the influencing factors 
and limitations.  Now that continuous cultures are available we can determine if the 
limitation is microbial diversity, or an environmental impact on microbial 
metabolism. 
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Microbial community analysis indicated that the dominant populations in the 
MTBE-degrading cultures are not closely related to known species, suggesting that 
anaerobic microorganisms growing on MTBE are in fact novel.  This was especially 
noticeable in culture NW1, in which unidentified organisms were approximately half 
of the total population. This dominant group was unique to NW1 and was not detected 
in the other two cultures, and thus might be an organism characterized by respiratory 
activities specific to quinones or Fe(III).  Microbial communities in the cultures using 
sulfate or fumarate were also dominated by novel clones, and the assemblage formed 
by these clones was actually close to known aerobic MTBE degraders, implying that 
organisms represented by this cluster might have homologous enzyme systems for 
MTBE despite their different respiratory metabolism.    
Comparison of the phylum-level microbial community compositions revealed 
significant differences between the cultures and considerable microbial diversity 
within individual cultures. Betaproteobacteria were found exclusively in the fumarate-
utilizing culture, where they dominated the clone library of NW3 together with 
Firmicutes. The related known microorganisms (Formivibrio citricus and Clostridium 
sp. Kw12) are well-known fermentative organisms, and fermentation is possible in 
fumarate-amended incubations.  However, fermenters often have respiratory pathways 
as well, and further work will be done to determine if MTBE is transformed coupled 
to fumarate reduction or secondary fermentation reactions (though the latter is 
unlikely).   
Deltaproteobacteria represented by Desulfomicrobium were abundant in NW2, 
but appeared at low frequencies in the other two libraries. Such high ratio of sulfate 
reducing population in NW2 was consistent with the main respiratory pathway of the 
culture and indicates that Desulfomicrobium may be the species actively using MTBE.  
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Actinobacteria were also abundant in NW2, while they were missing in NW3 and 
limited in NW1. These microbial community distinctions between NW1/NW3 and 
NW2 may provide a better understanding of why TBA accumulates versus degrades, 
given that TBA loss has been at least identified in culture NW2. 
Phylogenetic analyses using the most dominant clones identified two major 
clusters.  The first (cluster #1) is a group related to several aerobic and facultative 
anaerobic bacteria, several of which are known MTBE-degrading microorganisms 
(Figure 3.5).  The second (cluster #2) is related to common soil bacteria, with only 
two known MTBE-degrading organisms being closely branching.  While the cultures 
described here do not grow using oxygen as an electron acceptor, it is interesting that 
there is phylogenetic similarity between known aerobic MTBE degraders and the two 
major clusters developed with these enrichments.   
The initial characterization of alternate substrate utilization suggests that the 
cultures are distinct with respect to their available metabolic pathways.  While we 
have not isolated individual cultures and therefore cannot identify which phylotype 
within each community is responsible for utilizing the tested substrates, it is 
significant that each culture had distinct use patterns.  Benzene and toluene are two 
additional significant compounds in fuel-contaminated sites and have been reported to 
degrade under diverse anaerobic conditions (41-46). Ethanol is used increasingly in 
gasoline as a substitute for MTBE and thus appears frequently in the groundwater 
system near fuel spills. Ethanol is amenable to degradation and may influence the 
degradation of coexisting fuel contaminants by consuming available electron 
acceptors (47). The utilization of benzene, toluene or ethanol by NW1 and NW3 will 
allow us to develop better understanding on how common co-contaminants may 
impact the fate and transformation of MTBE under anoxic environment. On the other 
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hand, NW1 and NW2 can use lactate and formate and generate substantial amount of 
biomass, implying that growth with the easily used substrates might be a way to help 
accumulate biomass within relatively short time for investigations that require 
considerable amount of biomass – such as bioaugmentation studies.  However, further 
work is needed to determine whether the growth stimulated by lactate or formate will 
promote MTBE degradation within the microbial communities. 
These cultures provide model systems for mechanistic studies of MTBE 
biodegradation that could not have been previously examined. Using these cultures, 
we will develop a better understanding of anaerobic MTBE biodegradation at the 
cellular level, with respect to actual microbial physiology, biochemistry, and 
biogeochemistry.  In addition, we will use these cultures and the phylogenetic data to 
understand the microbial community involved in anaerobic MTBE biodegradation 
and to develop molecular probes to determine whether the requisite organisms are 
present in the aquifer systems for natural attenuation or accelerated bioremediation.  
These cultures provide the scientific community investigating anaerobic MTBE 
transformation with the tools that have thus far been relegated to aerobic MTBE 
degradation, which in practice is far ahead of anaerobic bioremediation.  They will be 
shared with those involved in this research such that the gap between anaerobic and 
aerobic knowledge can be closed. 
 
Acknowledgments: We thank Tomasz Kuder (University of Oklahoma) for the 
sediment samples. This work is funded by British Petroleum/Atlantic Richfield 
Company and the American Petroleum Institute. 
  
54 
 
Figures and tables 
 
 
Figure 3.1. Anaerobic MTBE degradation in culture NW1 with 5 mM AQDS as 
terminal electron acceptor.  MTBE was added at an initial concentration of  1mM.  
Arrows indicate re-amendments of MTBE.  Embedded plot: MTBE concentration 
change within 64 days in the uninoculated control. 
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Figure 3.2. Anaerobic MTBE degradation in culture NW2 with 10 mM sulfate as 
electron acceptor.  MTBE was added at an initial concentration of 1mM.  Arrows 
indicate re-amendments of MTBE.  Embedded plot: MTBE concentration change 
within 64 days in the uninoculated control. 
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Figure 3.3. Anaerobic MTBE degradation in culture NW3 with 10 mM fumarate as 
electron acceptor.  MTBE was added at an initial concentration of 2 mM.  Arrows 
indicate re-amendments of MTBE.  Embedded plot: MTBE concentration change 
within 64 days in the uninoculated control. 
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Figure 3.4. Microbial community composition in cultures NW1, NW2, and NW3 
based on 16S rDNA analysis.  The relative proportion of the clones within each 
culture is grouped by major phyla.  Operationally-defined “dominant” clones were not 
relegated to a distinct phylum based on low similarity to known microorganisms.  
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Figure 3.5. Phylogenetic positions of dominant clones based on maximum likelihood 
analysis of 16S rDNA gene sequences. ML bootstrap values above 50% (1000 
replicates) are presented. Numbers in brackets indicate the NCBI GenBank accession 
number of 16S rDNA sequences of reference cultures. The scale bar represents 0.2 
base substitutions per site. Dominant clones retrieved in this study are highlighted in 
bold. Sequences marked with asterisk represent known MTBE (and/or TBA) 
degraders with oxygen as electron acceptor.
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Table 3.1. Dominant clones in all MTBE-degrading cultures compared with known 
(isolated and cultured) microorganisms and environmental clone sequences.
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Table 3.2. Growth of all MTBE-degrading cultures on substrates other than MTBE.  
Concentrations are listed in parentheses. 
   Note: + represents growth and - represents undetected growth within 20 days. 
 
 
  
 Benzene 
(2mM) 
Toluene 
(2mM) 
Ethanol 
(10mM) 
Methanol 
(10mM) 
Acetate 
(10mM) 
Lactate 
(10mM) 
Formate 
(10mM) 
No 
donor  
AQDS 
(5mM) 
+ - + - - + + -
Sulfate 
(10Mm) 
- - - - - + + -
Fumarate 
(10Mm) 
- + - - - - - -
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CHAPTER 4 
MICROBIAL COMMUNITY COMPOSITION DURING ANAEROBIC 
MINERALIZATION OF TERT-BUTYL ALCOHOL (TBA) IN FUEL-
CONTAMINATED AQUIFER MATERIAL 2 
Abstract 
  Anaerobic mineralization of tert-butyl alcohol (TBA) and methyl tert-butyl 
ether (MTBE) were studied in sediment incubations prepared with fuel-contaminated 
aquifer material. Microbial community compositions in all incubations were 
characterized by amplified ribosomal DNA restriction analysis (ARDRA). The 
aquifer material mineralized 42.3±9.9% of [U-14C]-TBA to 14CO2 without electron 
acceptor amendment.  Fe(III), sulfate, and Fe(III) plus anthraquinone-2,6-disulfonate 
addition also promoted U-[14C]-TBA mineralization at levels similar to those of the 
un-amended controls. Nitrate actually inhibited TBA mineralization relative to un-
amended controls.  In contrast to TBA, [U-14C]-MTBE was not significantly 
mineralized in 400 days regardless of electron acceptor amendment. Microbial 
community analysis indicated that the abundance of one dominant clone group 
correlated closely with anaerobic TBA mineralization. The clone was 
phylogenetically distinct from known aerobic TBA-degrading microorganisms, 
Fe(III)- or sulfate- reducing bacteria.  It was most closely associated with organisms 
belonging to the Alphaproteobacteria. Microbial communities were different in 
MTBE and TBA amended incubations.  Shannon indices and Simpson indices 
(statistical community comparison tools) both demonstrated that microbial 
community diversity decreased in incubations actively mineralizing TBA, with  
 
2.  Reproduced in part with permission from Wei, N. and K.T. Finneran. Environ. Sci. Technol., 2011, 
45 (7): 3012–3018. 
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distinct “dominant” clones developing.  These data contribute to our understanding of 
anaerobic microbial transformation of fuel oxygenates in contaminated aquifer 
material and the organisms that may catalyze the reactions. 
Introduction 
Fuel oxygenates such as methyl tert-butyl ether (MTBE) and tert-butyl alcohol 
(TBA) continue to be major groundwater contaminants due to large scale production 
and use as gasoline additives during the last few decades, irrespective of their being 
phased out in the United States and being replaced by ethanol (1,2).  Since 1988, the 
U.S. Environmental Protection Agency (EPA) has identified over 400,000 sites with 
leaking underground fuel storage tanks (3).  TBA is used as a fuel oxygenate in 
association with MTBE and is also widely used as a solvent in many industries (4). In 
addition, TBA is the primary intermediate in MTBE biodegradation, and it has been 
reported as more recalcitrant than MTBE (5, 6). Several reports indicate that TBA 
will accumulate in MTBE contaminated sites and will be the limiting factor in overall 
mineralization (7, 8). California classifies TBA as a “contaminant of current interest” 
and a drinking water action level of 12 g/L has been set on the basis of non-cancer 
end point assessment (9). 
Although reports have demonstrated that TBA will degrade under several 
different anoxic conditions (10-13) , there are no reports about the microbial 
populations involved in anaerobic TBA degradation in contaminated aquifer material. 
Such information is necessary, because understanding the microorganisms involved 
will allow scientists and engineers to target the appropriate populations during 
stimulated biodegradation, as well as help develop tools to probe the specific 
populations catalyzing the reactions of interest.   
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 The objective of this study was to profile the microbial communities associated 
with the degradation of TBA under various anaerobic redox conditions in 
contaminated aquifer sediments, as compared to MTBE biodegradation in the same 
material.  TBA and MTBE biodegradation were simultaneously investigated under 
identical anoxic incubation conditions with sediment and groundwater from a fuel 
oxygenate contaminated aquifer. The rates and extents of anaerobic mineralization for 
each terminal electron accepting process were compared to the 16S rRNA gene clone 
libraries for microbial community analyses. These data provide the first insight into 
the microbial populations that develop specifically during anaerobic TBA 
mineralization in subsurface aquifer material, which did not degrade MTBE.  
Materials and methods 
Chemicals. [U-14C]-TBA (5 mCi/mmol; Moravek Radiochemicals, La Brea, CA) 
or [U-14C]-MTBE (5 mCi/mmol; New England Nuclear, Boston, MA) were used in 
the mineralization experiments. Anthraquinone-2, 6-disulfonate (AQDS), purified 
humic acid (HA), sodium sulfate and sodium nitrate were purchased from Sigma-
Aldrich (Milwaukee, WI). Poorly crystalline Fe(III) (hydr)oxide was synthesized as 
previously described (14).  All other chemicals used were of reagent grade quality or 
higher. 
Batch Experiments. Aquifer sediments and groundwater were collected from a 
fuel-contaminated site in California; the aquifer was contaminated by a leaking 
underground gasoline storage tank. The aquifer materials were collected from the 
saturated zone, and were stored in anoxic, sealed containers and shipped overnight to 
our lab, where they were stored at 4°C in the dark until use. 
Analyses were performed to characterize the dominant terminal electron 
accepting process (TEAP) as soon as the material was received, using previously 
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described methods (15). Briefly, the dominant TEAP was determined by quantifying a 
series of chemical parameters including nitrate, nitrite, sulfate, aqueous Fe(II) and 
total HCl-extractable iron (ferric plus ferrous), and by monitoring production of 14CO2 
and 14CH4  in metabolic assays with radiolabeled 2-[14C]-acetate. These results were 
used to design the batch study as described below. 
Batch experiments, described below, were constructed using previously reported 
strict anoxic techniques (6). Briefly, sediment samples were homogenized in an 
anoxic glove bag filled with N2, CO2 and hydrogen (85/10/5 %). Sediment (10 g) 
sediment was dispensed into each serum bottle (30 mL), and 10 ml groundwater was 
added into the bottle in order to saturate the sediment.  The bottles were sealed with 
thick butyl rubber stoppers and crimped. Once the sealed bottles were removed from 
the glove bag, the headspace was flushed with (hydrogen and CO2 free) nitrogen gas, 
which had passed through a heated, reduced copper filled glass tube to remove any 
traces of oxygen.  
Two separate experimental series were performed: one with TBA as the amended 
electron donor, and one with MTBE as the amended electron donor (both as 14C-
labeled substrates).  Electron acceptors were added to stimulate different 
environmentally significant TEAPs, which included sodium nitrate (10 mM final), 
sodium sulfate (10 mM final), and poorly crystalline Fe(III) (hydr)oxide (30 mol/g 
sediment). AQDS (100 µM) or humic acid (0.1 g/L) was also added to some Fe(III)-
amended bottles to further stimulate Fe(III) reduction. All reagents were added from 
sterile, anoxic stock solutions via anaerobic syringes. Un-amended microcosms were 
set up in the same way without adding any electron acceptors; either [U-14C]-TBA or 
[U-14C]-MTBE was added to all batch incubations.  Sterile controls were prepared by 
autoclaving at 121°C for one hour per day for three consecutive days. Each treatment 
70 
 
was prepared in triplicate. [U-14C]-TBA or [U-14C]-MTBE was amended at final 
concentrations of 0.5 µCi per bottle. The bottles were incubated in dark at 18°C. The 
final sediment-water mixtures in the experimental bottles had a pH of 6.6-6.8. 
Analytical Methods.  Headspace samples were collected at selected time points 
using an anoxic syringe and needle as described previously (12). 14CO2 and 14CH4 
were monitored using a gas chromatograph (Hewlett Packard Series 6890A) equipped 
with radioactive gas proportional counter (IN/US Systems, Inc., GC-Ram); the 
detection limit for both 14CO2 and 14CH4 was 30 disintegrations per minute (DPM).  
To determine the distribution of 14CO2 between the headspace and aqueous phase (as 
bicarbonate), additional sterile microcosms were set up with H14CO3- added, and were 
incubated under the same condition as that for the experimental bottles. By 
quantifying the radioactivity of 14CO2 in the headspace and knowing the total 
radioactivity of H14CO3- added, the partitioning coefficient 14CO2 could be calculated 
and then used to determine the total 14CO2 production during TBA or MTBE 
degradation for each time point. Radioactivity in aqueous phase was quantified by 
liquid scintillation counter. In TEAP analysis, nitrate, nitrite and sulfate were 
measured with an ion chromatograph (ICS-1000, Dionex). Bioavailable iron was 
analyzed by the Ferrozine assay as previously described (16).  
Extraction of Nucleic Acids and PCR amplification. Sediments from each of 
the [U-14C]-TBA amended bottles and selected [U-14C]-MTBE amended incubations 
were collected. Genomic DNA was extracted using the FastDNA SPIN Kit for Soil 
(MP Biomedicals) according to the manufacturer’s instructions, which involved cell 
lysis by bead-beating, DNA isolation and purification. Partial 16S rRNA genes in all 
the extracted DNA samples was amplified by PCR with universal bacterial primer 
pair 338F (5’-ACT CCT ACG GGA GGC AGC -3’) and 907R (5’-CCG TCA ATT 
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CCT TTG AGT TT-3’), and the PCR products were checked by electrophoresis on 
2% agarose gel.  
Construction of Clone Libraries and Sequencing.  Clone libraries were set up 
and amplified ribosomal DNA restriction analysis (ARDRA) was performed 
following the protocol described before (6). Briefly, cloning was performed on the 
16S rRNA gene PCR products using the TOPO TA Cloning Kit for Sequencing with 
One Shot Mach1™-T1 competent cells (Invitrogen). A total of 50 clones were 
analyzed for each DNA sample, and the plasmids inserts were digested with the 
restriction endonucleases MspI and HhaI (NE BioLabs), and the resulting fragments 
were visualized and recorded using Molecular Imager Gel Doc XR System (Bio-
RAD). Representative clones of unique ARDRA patterns were selected for 
sequencing at W. M. Keck Center for Comparative and Functional Genomics at the 
University of Illinois, Urbana-Champaign. Checks for chimeric sequences were 
performed with Chimera Check software on the RDP website 
(http://rdp.cme.msu.edu/). 
Microbial Community and Phylogenetic Analysis.  The partial 16S rRNA 
gene sequences of individual clones were compared with GenBank databases using 
nucleotide BLAST (National Center for Biotechnology Information). The distinct 
clones were grouped into operational taxonomic units (OTUs). Shannon index (H) 
and Simpson’s index (D) of diversity were calculated for the selected clone libraries 
of interest to assess the diversity of microbial communities (17). The two statistical 
parameters take into account both the number of OTUs and the relative abundance of 
each OTU in the whole clone library. The following equations were used for 
calculation: 
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Where S is the number of OTUs; N is the total number of all clones (i.e., 50 for each 
clone library); pi is the relative abundance of each OTU, which was calculated as the 
ratio of the number of clones in each distinct clone group to the total number of clones 
in the community. 
Jaccard similarity coefficients (J) were calculated to estimate the similarity of the 
microbial communities between TBA-degrading incubations and MTBE-amended 
ones, following the equation below (17).  
)/( WaaWJ MTBETBA   
W is the number of OTUs shared between microbial communities in the TBA and 
MTBE incubations; and aTBA and aMTBE are the total numbers of OTUs in each of the 
communities. 
        A phylogenetic tree was constructed for the dominant clone in TBA degrading 
microcosms using MEGA4 software (18).  Typical subsurface Fe(III)-reducing 
bacteria, sulfate reducing bacteria, and previously reported TBA- and/or MTBE-
degrading bacteria were chosen as reference microorganisms. Multiple sequence 
alignment was conducted using the ClustalW algorithm (19) in MEGA4. The tree was 
obtained using the Neighbor-Joining method (20) and genetic distances were 
estimated by using the maximum composite likelihood method estimated by the 
Tamura-Nei model (21). The confidence of phylogeny was tested by bootstrap re-
sampling for 1,000 replicates (22).  
The sequences reported in this study have been deposited in GenBank under 
accession numbers HM588743 to HM588759. 
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Results and discussion  
TBA biodegradation with varying terminal electron acceptors. TEAP 
analysis demonstrated that the sediment was nitrate depleted, and was dominated by 
Fe(III)-reducing conditions with moderate sulfate-reducing activity. Methanogenesis 
was absent.  Different electron acceptor amendments and abbreviations are 
summarized in Table 4.1, along with average mineralization rates and maximum 
mineralization per replicate.  
14CO2  production increased in the sediments without any electron acceptor 
amendment after a lag period of approximately 159 days. By day 391, the average 
recovery of [U-14C]-TBA as 14CO2 was above 40% (Figure 4.1). Methane was not 
produced in any incubation even after 400 days (data not shown).  [U-14C]-TBA 
mineralization was attributed to microbial metabolism because there was no 14CO2 or 
14CH4 produced in the sterile controls. These data further demonstrate that TBA will 
attenuate under native environmental conditions without amendments, which has 
support in the literature (11- 13, 23), but is still often disputed. The mineralization rate 
in the sulfate-amended incubations was similar to that of the un-amended incubations, 
but the lag time was slightly shorter (Figure 4.1 and Table 4.1). Approximately 50% 
[U-14C]-TBA was oxidized to carbon dioxide in the sulfate-amended incubations. 
TBA has been reported to accumulate under sulfate-reducing conditions; it has 
sometimes been the terminal end product of MTBE transformation (6,13). One 
previous study with surface-water sediment reported that 5% of  [U-14C]-TBA was 
transformed to 14CO2  in sulfate-reduction dominated incubations (11); although the 
extent was low it did raise the first real possibility of TBA oxidation in sulfate-
reduction dominated systems.   
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The highest average mineralization rate occurred in Fe(III)+AQDS amended 
incubations (Figure 4.1). The mineralization ratio reached 50% within 300 days. In 
comparison, only one Fe(III) amended incubation oxidized 63.5% of the [U-14C]-TBA] 
to 14CO2, while in the other two of the triplicate the mineralization activity was 
comparatively low (Table 4.1). The high variation of TBA biodegradation rates and 
extents amongst the triplicate incubations may be due to the heterogeneity of the 
sediment samples, which has also been reported in previous studies for MTBE and 
other gasoline contaminants (12,13,24-26). In the sediments amended with Fe(III)+ 
HA, the TBA mineralization activity was significant but much lower than that in 
AQDS-amended incubations.  This is not unusual; previous studies indicate that 
humic substances (as electron shuttles) do not promote the same rate and extent of 
mineralization or degradation as AQDS, and it has been attributed to the differences 
in molecular structure and chemical properties between these two types of electron 
shuttles (27, 28). 
Nitrate is typically regarded as the most favorable terminal electron acceptor 
under anoxic conditions because of its high redox potential and the potential free 
energy available to cells with reactions such as denitrification and/or dissimilatory 
nitrate reduction. However, there was no significant mineralization of TBA over 391 
days in the nitrate-amended incubations (Figure 4.1). In fact, nitrate diminished 
activity relative to the un-amended incubations.  Previous reports do indicate TBA 
degradation with nitrate as the sole electron acceptor.  Bradley et al. (11) reported 
substantial TBA mineralization (nearly 100%) to CO2 under denitrifying conditions in 
surface water sediments.  Another study on the effect of redox potential on MTBE 
biodegradation showed anaerobic MTBE mineralization activity was the highest 
under nitrate-reducing conditions, and TBA did not accumulate (29). Both studies 
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investigated surface water sediments, and denitrifying microorganisms are common in 
such environments.  A possible explanation for these results is that the aquifer 
sediment might not contain appropriate microorganisms capable of oxidizing TBA 
coupled to nitrate reduction.  These data indicate that arbitrarily selecting the highest 
reduction potential electron acceptor as amendment does not always promote TBA 
mineralization. 
MTBE biodegradation. In contrast to the TBA mineralization activity, MTBE 
was not significantly mineralized in 400 days (data not shown). Anaerobic TBA 
biodegradation in aquifer material without MTBE mineralization activity is a 
distinctive phenomenon; TBA is usually reported as the recalcitrant intermediate, 
which accumulates during MTBE biodegradation (5). The Gibbs free energy changes 
for both TBA and MTBE oxidation with all the evaluated terminal electron acceptors 
are negative, and concentration changes of involved species within the range tested 
would have only a small effect on the free energies, and would not lead to positive 
values of free energy changes, as discussed previously by Schmidt et al. (3). MTBE 
mineralization is more thermodynamically favorable than TBA, which means there is 
no thermodynamic obstacle for MTBE degradation.  These results vary from previous 
reports that link TBA and MTBE biodegradation, indicating that the processes are not 
always linked.  TBA did not accumulate in the MTBE amended bottles (data not 
shown); therefore, it was not a case of TBA mineralization being a rate-limiting step. 
These data indicated a microbial community for TBA mineralization but not MTBE 
mineralization – a unique situation that was characterized further.  An alternative 
mechanism for MTBE degradation indicated that initial degradation can be facilitated 
by highly reducing conditions (30).  It is possible that our reaction conditions were 
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not sufficiently reducing to promote this specific reaction, which would account for 
the lack of MTBE transformation even though TBA was mineralized.   
Major microbial groups in the TBA-degrading sediments.  There were 17 
distinct clone groups found in the clone libraries of the [U-14C]-TBA-amended 
sediments.  The sequences of all the clone groups were aligned against the GenBank 
database. The clone groups (operational taxonomic units or OTUs) were given 
alphanumeric names from TG1 to TG17, and the results from NCBI BLAST are 
summarized in Table 4.2.  The microbial population abundance in each incubation is 
depicted by the phylotype frequency in the clone library, as illustrated in Figure 4.2.  
The clone group TG1 was dominant in all incubations that most actively 
mineralized TBA, and the relative abundance of TG1 correlated with TBA 
mineralization rate and extent. TG1 clone abundance was the highest in the 
Fe(III)+AQDS amended incubations.  The TG1 frequency in the nitrate-amended 
incubations was much lower than that in all the other incubations; nitrate amended 
incubations did not mineralize TBA. Similar trends were also found amongst the 
replicates of the Fe(III)-amended triplicate incubations; the TG1 clone was most 
abundant in TF-1 sediment, which had much higher mineralization than the other two 
incubations (TF-2 and TF-3). Microbial community compositions of unamended and 
nitrate-amended incubations were compared. The TG1 clone in the un-amended 
sediment represented the majority of the total bacterial community. In contrast, TG1 
was not the dominant group in the nitrate-amended sediments. The data suggest that 
organisms closely related to the clone TG1 may play a role in anaerobic TBA 
mineralization.   Conversely, electron acceptor amendment alone (not TBA 
mineralization) may have driven microbial community development, and further data 
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are needed to definitively identify the specific organism(s) that completely degrade 
TBA. 
Microbial community comparison between TBA and MTBE incubations. 
Clone libraries were also generated from DNA extracted from the [U-14C]-MTBE 
amended incubations (Table 4.3). The microbial communities in the un-amended and 
Fe(III)+AQDS amended [U-14C]-MTBE incubations were compared with those in the 
corresponding  [U-14C]-TBA incubations. These two types of incubations were 
selected for comparison because they represent native sediment conditions (un-
amended) and the modified conditions (Fe(III)+AQDS amended) which mineralized 
[U-14C]-TBA most. There were 23 distinct clone groups from the [U-14C]-MTBE 
amended sediments. The relative abundance of each clone group is illustrated in the 
bar charts in Figure 4.3 and Figure 4.4. Shannon index and Simpson’s index of 
diversity were used to quantitatively compare the microbial communities. The indices 
consider both richness (the number of OTUs) and evenness (the relative abundance of 
different OTUs), and a higher value indicates a more diverse microbial community. 
As shown in Table 4.4, [U-14C]-MTBE amended incubations had much higher 
Shannon index or Simpson’s index of diversity than the corresponding [U-14C]-TBA 
degrading incubations. The TBA-degrading incubations amended with Fe(III)+AQDS 
had the lowest microbial diversity and they were most active in TBA mineralization. 
These data demonstrate that enhanced TBA mineralization was correlated with 
reduced microbial diversity and apparent enrichment of TG1.  This correlation may be 
due to TG1-like organisms mineralizing TBA; however this requires further 
investigation before TG1-like organisms are classified as TBA mineralizing bacteria.  
Many clone groups in the [U-14C]-TBA degrading incubations were not found in 
the [U-14C]-MTBE amended ones, including the dominant clone group TG1. Jaccard 
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coefficients were used to estimate the microbial community similarity (Table 4.4).  
The coefficients consider the presence or absence of a microbial group in the 
community to assess whether similar or dissimilar communities are present.  The 
coefficients were very low (0.067 for “un-amended” and 0.095 for “Fe(III)+AQDS”), 
meaning that the [U-14C]-MTBE and [U-14C]-TBA incubations had distinct microbial 
communities.  Most notably, TG1-like phylotypes were absent in any of the MTBE-
amended incubations. In addition, microbial community composition in three 
anaerobic MTBE-degrading enrichment cultures was previously characterized (6), 
and no TG1-like phylotypes were identified.   
Clones related to the Firmicutes, Chloroflexi and various subgroups of 
Proteobacteria were present in the TBA-degrading microcosms, while the microbial 
community in the MTBE amended microcosms was dominated by Proteobacteria .  A 
recent study (31) characterized the microbial community composition in anaerobic 
MTBE-degrading enrichment cultures, and reported dominant clones associated with 
the Deltaproteobacteria, Firmicutes and Chloroflexi; the first two phylotypes were 
also abundant in MTBE-degrading cultures in our previous study (6).   In an alternate 
study, MTBE was anaerobically degraded under Fe(III)- and sulfate-reducing 
conditions, the enriched consortia contained organisms related to Pseudomonas, 
Desulfosporosinus, Clostridia and Rhodococcus (32).  The microbial communities in 
the incubations of this study varied from all of those discussed above, which may be a 
possible reason for the lack of MTBE degradation.  In addition, the previously 
reported anaerobic MTBE-degrading consortia all accumulated TBA, and none 
contained the TG1 phylotype, again indicating that organisms related to TG1 may be 
TBA degraders.             
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Phylogenetic analysis of the dominant microbial group. Phylogenetic analyses 
were performed to identify relationships between the dominant clone TG1 and known 
Fe(III) reducing bacteria, sulfate reducing bacteria, aerobic MTBE and/or TBA 
degrading isolates, as well as close relatives found in GenBank by BLAST search. No 
anaerobic TBA-degrading microorganisms are available to include in the 
phylogenetic analysis. As shown in Figure 4.5, TG1 clusters with Alpha 
proteobacterium  L5 (FJ459987), which was reported in a study on bioremediation of 
TPH (total petroleum hydrocarbon)-contaminated soils in South Korea. TG1 is related 
to a number of Ochrobactrum species with identity values between 98% and 99%. 
Ochrobactrum anthropi strain RFNB9 (FJ266319.1), found in a study of molecular 
characterization of diazotrophic bacteria isolated from paddy fields, is the closest 
known cultivated microorganism to TG1. The TG1 clone is not highly related to 
Fe(III) reducers, sulfate reducers, or isolated aerobic TBA/MTBE degraders, but 
rather, TG1 and its close relatives form a distinct cluster. TG1 is a member of the α- 
subgroup of the Proteobacteria. Interestingly, a recent study of aerobic TBA-
degradation in a sequencing batch reactor performed microbial community analysis 
using DGGE and showed dominant bands clustered within Alphaproteobacteria (4). 
Thus, microorganisms within Alphaproteobacteria may have potential for anaerobic 
as well as aerobic TBA degradation.  
In summary, ARDRA and clone library analysis indicated distinct microbial 
communities in the TBA mineralizing aquifer material versus MTBE-amended 
material (that had no mineralization activity).  The data suggest that organisms most 
closely related to Ochrobactrum organisms within -Proteobacteria may be specific 
TBA degraders.  The microbial community analysis gives initial insight to the 
phyoltypes related to anaerobic TBA degradation. Admittedly, data here could not 
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definitively determine specific TBA-degrading organisms, but information from these 
clones gives an important first step in understanding microorganisms potentially 
involved in anaerobic TBA degradation, and provides targets for future studies. 
Developing highly enriched cultures or pure cultures will be beneficial for further 
identifying what microorganisms are responsible for anaerobic TBA biodegradation. 
Such knowledge can help predict whether and where the metabolism will occur and 
develop biomarkers to monitor the efficiency of stimulated biodegradation as well as 
natural attenuation of TBA.   
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Figures and tables 
 
 
Figure 4.1. Production of 14CO2  from anaerobic mineralization of [U-14C]-TBA in the 
aquifer sediment incubations with different terminal electron acceptor amendments. 
“HA” stands for humic acids. Results are the means of triplicate analyses.  The error 
bars represent one standard deviation from the mean. 
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Figure 4.3. Microbial community composition in the un-amended [U-14C]-MTBE 
incubations. Each bar represents one of the triplicate microcosms.  
 
 
 
Figure 4.4. Microbial community composition in the [U-14C]-MTBE incubations 
amended with poorly crystalline Fe(III) (hydr)oxide and anthraquinone-2, 6-
disulfonate (AQDS). Each bar represents one of the triplicate microcosms.  
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Figure 4.5. Phylogenetic relationship of the dominant clone TG1with Fe(III) 
reducers, sulfate reducers and known aerobic TBA and/or MTBE degraders. 
Bootstrap values above 50% (1,000 replicates) are presented. Numbers in brackets 
indicate the NCBI GenBank accession number of 16S rRNA gene sequences of 
reference cultures. The scale bar represents 0.02 base substitutions per site. The 
dominant clone TG1 retrieved in this study is highlighted in bold. Sequences marked 
with asterisk represent known aerobic TBA (and/or MTBE) degraders. 
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Table 4.1. Treatments, Abbreviations and Activities of 14C-TBA Sediment-
Groundwater Incubation Experiments a  
Incubations Abbreviation Average rates 
(%/day) b 
Lag time Maximum % of 
mineralization c 
1 2 3 
Un-amended TU-1/2/3 d 0.164 (0.035) 159 51.7 43.6 28.9 
Sulfate TS-1/2/3 0.161 (0.035) 110 56.0 55.2 34.3 
Fe(III) + AQDS TFA-1/2/3 0.241 (0.036) 62 65.7 53.1 43.4 
Fe(III) + HA TFH-1/2/3 0.046 (0.031) 183 21.4 8.6 6.9 
Fe(III) e 
TF-1 0.280. 159 63.5   
TF-2 0.055 249  10.9  
TF-3 0.044 249    10.4 
Nitrate TN-1/2/3 N.A. f N.A. N.A. N.A. N.A. 
a. the activity was monitored over 391 days; b average rates were determined from the 
portions  after the lag time of the 14CO2 production curves; values in parentheses represent 
standard deviations;   c. data are shown for each triplicate respectively. d. 1/2/3 represent the 
triplicates.   e. Fe(III) is in form of poorly crystalline Fe(III) (hydr)oxide; f. N.A. means no 
activity in TBA mineralization was detected. 
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Table 4.2. Summary of Bacterial 16S rRNA gene clones from the 14C-TBA 
incubations 
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Table 4.3. Summary of dominant Bacterial 16S rRNA gene clones from the 14C-
MTBE incubations.a 
 
 
 
  
Table 4.4. Indices of microbial community diversity for 14C-TBA and 14C-
MTBE amended incubations based on 16S rRNA gene clone libraries 
 
sample Ha  Db Jc 
 1d 2 3  1 2 3  
1. 14C-TBA Un-amended  1.73 1.52 1.44  0.78 0.74 0.74 -- 
2. 14C-TBA Fe(III)+AQDS 1.26 1.11 1.43  0.57 0.63 0.61 -- 
3. 14C-MTBE Un-amended  2.53 2.27 2.54  0.91 0.88 0.91 0.067 (v.s. 1) 
4. 14C-MTBE Fe(III)+AQDS 2.06 2.02 2.03  0.85 0.83 0.84 0.095 (v.s. 2) 
a. Shannon index. b. Simpson’s index of diversity. c. Jaccard similarity coefficient comparing the 
clone libraries of un-amended or Fe(III)+AQDS microcosms amended with 14C-MTBE with 
those amended with 14C-TBA respectively. d. data of triplicate microcosms under each condition 
are shown separately. 
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CHAPTER 5 
FE(III) REDUCTION DOES NOT INHIBIT COMPLETE REDUCTIVE 
DECHLORINATION OF TRICHLOROETHYLENE (TCE) TO ETHENE 
Abstract. 
The effects of Fe(III) reduction on TCE, cis-DCE and VC dechlorination were 
studied in both contaminated aquifer sediment material and enrichment cultures. The 
results from sediment batch experiments demonstrated that Fe(III) reduction did not 
inhibit complete dechlorination. TCE was reduced concurrently with Fe(III) in the 
first 40 days of the incubations. While all incubations (plus and minus Fe(III)) 
generated approximately the same mass of ethene within the experimental timeframe, 
Fe(III) speciation (ferrihyrite versus Fe(III)-NTA) has an impact on daughter product 
distribution and reductive dechlorination kinetics.  16S rRNA gene clone library and 
sequencing identified Dehalococcoides and Geobacteraceae as the major microbial 
populations, which included G. lovleyi like organisms. Quantitative PCR targeting 
16S rRNA genes and/or RDase genes (tceA, bvcA, vcrA) showed that 
Dehalococcoides and Geobacteraceae were enriched concurrently in the TCE-
degrading Fe(III)-reducing sediments. Enrichment cultures demosntrated that soluble 
Fe(III) had a greater impact on cis-DCE and VC reduction than solid-phase Fe(III). 
Geobacteraceae and Dehalococcoides were also co-enriched, and the 
Dehalococcoides abundance in the presence of Fe(III) was not significantly different 
from those in the cultures without Fe(III).  One possibility for the simultaneous 
enrichment was that hydrogen concentration reached steady-state levels amenable to 
complete dechlorination when Fe(III) was present in the culture.  This was contrasted 
to the hydrogen levels in a nitrate-amended enrichment, in which hydrogen 
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concentrations were too low for complete dechlorination, and chlororespiration was 
completely inhibited.   
Introduction 
Fe(III) has been reported as a strictly competitive electron acceptor with respect 
to trichloroethylene (TCE), cis-dichloroethylene (cis-DCE), and vinyl chloride (VC) 
reduction (1-7). Field and laboratory data have been interpreted in a way that suggests 
that Fe(III)-reducing microorganisms metabolize electron donors to concentrations 
that completely inhibit reductive dechlorination, especially for the less-chlorinated 
compounds cis-DCE and VC.  This has implications for chlorinated solvent 
bioremediation, in that Fe(III) is viewed as an inhibitor and the Fe(III)-reducing 
microorganisms are characterized as deleterious, rather than commensal or beneficial, 
to the remediation efforts.  Complete dechlorination has therefore been correlated 
with “highly reducing” conditions such as sulfate reduction and methanogenesis (8-
12), and typically electron donors are added at high concentrations to compensate for 
the “electron donor demand” exhibited by Fe(III).   
Fe(III)-reducing conditions are prevalent in subsurface environments, but the 
effect of Fe(III) reduction on complete TCE degradation has often been reported using 
field data or laboratory data in which understanding the dynamic between these 
processes was not the primary goal, if it is reported at all.  Iron-bearing minerals are 
abundant in natural environments (13) and Fe(III) compounds are present in aquifer 
and lake sediments (14,15). Fe(III) reduction has been documented where natural 
attenuation of chlorinated ethenes was reported (16), and during chlorinated solvent 
bioremediation where high concentrations of electron donor were added to stimulate 
microbial reductive dechlorination (17-19). However, previous studies of the effect of 
alternative electron acceptors on reductive dechlorination have focused on nitrate, 
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sulfur oxyanions or carbon dioxide (methanogenesis) (20-26); few, if any, data are 
available as to the effect of Fe(III) despite its environmental significance. 
The effects of Fe(III) on complete TCE dechlorination may be complex. Based 
on the redox potentials and hydrogen threshold concentrations reported previously 
(Table 2.1), chlororespiration is more thermodynamically favorable than sulfate 
reduction and methanogenesis, and less favorable than nitrate reduction. However, the 
reduction potential values for chlororespiration and Fe(III) reduction have notable 
overlaps, and “favorability” of one process versus the other will be dependent on 
Fe(III) speciation (Table 2.1).  In addition, the steady state hydrogen threshold for 
reduction of the different chlorinated ethenes ranged widely (5,27,28), suggesting that 
Fe(III) reduction may interact differently with each chlorinated compound.  
Therefore, it is necessary to evaluate the effects of Fe(III) reduction on each step of 
TCE reductive dechlorination with respect to different forms of Fe(III).  Finally, cis-
DCE and VC can be oxidized by Fe(III) and humic acid reducing bacteria, which is 
another pathway for cis-DCE and VC at many sites where TCE reductive 
dechlorination is a favorable process (9,29-31). 
Several dissimilatory Fe(III) reducing bacteria can use chlorinated compounds 
as terminal electron acceptors.  Desulfuromonas chloroethenica, D. michiganesis and 
Geobacter lovleyi can use acetate as electron donor to reduce PCE to cis-DCE (32-
34), and concomitant Fe(III) reduction and chlorinated ethene reduction were reported 
in studies with Desulfuromonas michiganesis and Geobacter lovleyi (34,35).  These 
findings suggest that Fe(III)  and TCE  can be co-reduced, with TCE being reduced to 
cis-DCE, and that Fe(III) reducers play a role in the initial reactions of TCE 
dechlorination.   What remains unknown is the extent to which Fe(III) reduction 
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influences “complete” dechlorination  (i.e., cis-DCE and VC reduction), and the 
generation of the innocuous end product ethene.   
The objectives of this study were to compare kinetics and daughter products of 
TCE dechlorination and microbial community composition in the presence and 
absence of active Fe(III) reduction, and to determine how different Fe(III) species 
may influence complete TCE dechlorination and the relevant microbial populations 
involved.  The effects of Fe(III) reduction on TCE, cis-DCE and VC dechlorination 
were studied in both contaminated aquifer material and enrichment cultures developed 
from that material.   
Materials and methods  
Chemicals. TCE, cis-DCE, and VC (1000 ppmv in nitrogen) were purchased 
from Sigma-Aldrich (Milwaukee, WI). Poorly crystalline Fe(III) (hydr)oxide 
(ferrihydrite) was synthesized from ferric chloride as previously described (36). 
Nitrilotriacetic acid-Fe(III) (FeNTA) was prepared by combining equimolar 
concentrations of NTA and Fe(III)-chloride as previously described (37). All other 
chemicals used were of reagent grade quality or higher. 
Sediment batch experiments.  Chlorinated solvent-contaminated aquifer 
material was obtained from Camp, Dresser, and McKee (CDM) from a confidential 
site. The samples were stored in anoxic, sealed containers and shipped overnight to 
our lab, where they were processed immediately into experimental bottles; excess 
material was stored in large, glass, anoxic bottles at 4°C.  
The batch experimental setup has been described previously (38).  The bottles 
were pre-incubated for 80-90 days with TCE plus acetate to obtain active TCE 
degrading material. When the aquifer material reduced TCE to ethene, the sediment + 
water was homogenized and 35 mL of the homogenate was redistributed to each of 12 
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serum bottles (nominal volume 60 mL) in an anoxic glove bag filled with N2, CO2 and 
H2 (85/10/5 %). The bottles were sealed with thick butyl rubber stoppers and crimped. 
Once the sealed bottles were removed from the glove bag, the headspace was flushed 
with (H2/CO2-free) nitrogen gas, which had passed through a heated, reduced copper 
column to remove any traces of oxygen. Three treatments were used to investigate the 
effects of insoluble and soluble forms of Fe(III) on TCE dechlorination: (1) TCE + 
ferrihydrite (10 mM) + acetate; (2) TCE + ferric nitrolotriacetate (Fe(III)-NTA, 10 
mM) + acetate; (3) TCE + acetate alone, which served as the no-Fe(III) control; sterile 
controls were prepared by autoclaving at 121°C for one hour per day for three 
consecutive days. Each treatment was prepared in triplicate.  TCE amendment was 4.4 
µmol/bottle to deliver an approximately 0.14 mM aqueous concentration, and 2 mM 
acetate was added as electron donor, which was super-stoichiometric based on 
available electron acceptors. The bottles were incubated in dark at 18°C without 
shaking. Dechlorination rates and daughter products were quantified and compared. 
Fe(III) reduction was quantified for Fe(III) amended incubations. Sediment slurry 
samples from each of the 12 bottles were taken on day 1 and day 98 for microbial 
community analysis, and the samples were stored at -80°C until use. 
Enrichment culture development.  Sediment from batch incubations was 
inoculated (10% v/v) into defined growth medium with a N2 headspace. The medium 
was a modified freshwater medium as previously described (39). HEPES buffer was 
used, and resazurin was added to indicate trace oxygen. TCE (1:20 diluted in 
hexadecane) was amended to deliver a 0.35 mM aqueous concentration; ferrihydrite 
(10 mM) was added, and 3 mM acetate was amended as the sole electron donor. The 
enrichment cultures were incubated at 18°C in dark without shaking. TCE 
dechlorination and Fe(III) reduction were monitored over time by measuring 
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headspace samples and liquid samples, respectively. When TCE and/or Fe(III) were 
depleted, the cultures were re-amended with the appropriate electron acceptor.  
Cultures were transferred to fresh medium once TCE had been depleted three times. 
All enrichment culture experiments described herein were performed with liquid 
cultures that were transferred at least five times prior to use in experiments (no solids 
remaining). 
Enrichment culture experiments.  Incubations used the defined medium 
described above; each 26-mL tube contained 15 mL medium and a nitrogen 
headspace (prior to amendments).  TCE (0.2 µL, ~120 µM aq.), cis-DCE (0.2 µL, 
~120 µM aq.), or 15 mL VC gas (~22 µM aq.) were added to respective incubations.  
Triplicate tubes with and without Fe(III) amendment were set up for each of the three 
chlorinated ethenes. Acetate (2 mM) was added as the sole electron donor and carbon 
source. Experiments began with a 5 % (v/v) inoculum and tubes were incubated in the 
dark at 18°C without shaking.  
Two batch experiments with different forms of Fe(III) were conducted: one with 
ferrihydrite and the other with Fe(III)-NTA. The effect of nitrate amendment on TCE 
dechlorination and hydrogen steady state concentration was tested as a control versus 
Fe(III); 2 mM nitrate was added instead of Fe(III); all other conditions were identical. 
The parameters quantified are described below.  
Analytical Methods. Headspace samples were collected using an anoxic syringe 
and needle as described previously (40). Chlorinated ethenes, ethene, ethane, 
acetylene, and methane were analyzed using a gas chromatograph equipped with a 
flame ionization detector (Hewlett Packard Series 6890A); the column used was a 30 
m by 0.53 mm GS-Q column (J& W Scientific, Waldbronn, Germany). H2 was 
quantified using a gas chromatograph (Shimadzu GC-14A) with a carbosieve S-II 
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Spherical Carbon Column (Supelco, Bellefonte, PA) equipped with an SRI reduction 
gas analyzer.  H2 concentration was measured in headspace samples, and converted to 
dissolved H2 (nM) following a previously described method (41,42). Aqueous Fe(II) 
and total bioavailable iron were quantified by the Ferrozine assay as previously 
described (43). Nitrate and nitrite were quantified by ion chromatography (Dionex, 
IC-1000, Sunnyvale, CA, USA) with conductivity detection. 
DNA extraction. Genomic DNA from aquifer material and enrichment biomass 
was extracted using FastDNA SPIN Kits (different kits were specific for soil or cell 
cultures; MP Biomedicals, Solon, OH, USA). The partial 16S rRNA genes in all the 
extracted DNA samples were amplified by PCR with universal eubacterial primer pair 
338F (5’-ACT CCT ACG GGA GGC AGC -3’) and 907R (5’-CCG TCA ATT CCT 
TTG AGT TT-3’); PCR product purity and size were checked by electrophoresis on 
2% agarose gel.  
Construction of Clone Libraries and Sequencing.  Clone libraries were 
constructed using our previous method (38) with a TOPO TA Cloning Kit for 
Sequencing and One Shot Mach1TM-T1 competent E. coli cells (Invitrogen 
Corporation, Carlsbad, CA, USA). A total of 50 clones were analyzed for each DNA 
sample, and the plasmids inserts were digested with the restriction endonucleases 
MspI and HhaI (NE BioLabs), and the resulting fragments were visualized and 
recorded using Molecular Imager Gel Doc XR System (Bio-RAD). Representative 
clones of unique ARDRA patterns were selected for sequencing at W. M. Keck 
Center for Comparative and Functional Genomics at the University of Illinois, 
Urbana-Champaign. Checks for chimeric sequences were performed with Chimera 
Check software on the RDP website (http://rdp.cme.msu.edu/). 
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Cloning and transformation were performed using the TOPO TA Cloning® Kit 
for Sequencing with One Shot® Mach1TM-T1® competent cells (Invitrogen). The 
cells were grown on LB agar plates containing 50µg/mL ampicillin. Blue and white 
screening was performed to identify positive clones. Individual white colonies were 
picked randomly and added directly to PCR reactions. M13 primers (M13for-21: 5´-
GTA AAA CGA CGG CCA GT-3’; M13rev-24: 5’-AAC AGC TAT GAC CAT G-
3’) targeting locations on the plasmid were used.  The initial denaturation condition 
was 94°C for 10 min to lyse the cells prior to starting the PCR temperature program. 
The quality of PCR products were verified by gel electrophoresis. The M13-primer 
PCR products were digested with two restriction enzymes, HhaI and MspI 
(FastDNA). The digested products were separated on a 3% Metaphor agarose gel 
(Cambrex Bio Science). The DNA band patterns were visualized and recorded using 
Molecular Imager Gel Doc XR System (Bio-RAD). 
Clone representatives for unique ARDRA patterns were selected and sequenced 
using M13for-21 primer. The selected PCR products for sequencing were purified 
using a QIAquick PCR purification kit (QIAGEN). The sequencing was performed by 
W. M. Keck Center for Comparative and Functional Genomics at University of 
Illinois, Urbana-Champaign. Chimeric sequence check was performed with Chimera 
Check software on the RDP website (http://rdp.cme.msu.edu/). Sequences were 
compared with the GenBank database using nucleotide BLAST (National Center for 
Biotechnology Information). The distinct clones were grouped into operational 
taxonomic units (OTUs). The frequencies of distinct clone groups in each of the 
incubation conditions were calculated to depict the microbial community 
composition.  
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The sequences reported in this study have been deposited in GenBank under 
accession numbers JF502573 to JF502595. 
Quantitative PCR (qPCR).  Analyses were performed with a MiniOpticon 
qPCR detection system and IQ SYBR Green Supermix (BioRad, Hercules, 
California). Specific primers were used to target and quantify copies of 
Dehalococcoides, Geobacteraceae and universal Eubacterial 16S rRNA genes.  In 
addition, reductive dehalogenase (RDase) functional genes (tceA, bvcA and vcrA) 
were quantified to differentiate specific Dehalococcoides populations. The 
Dehalococcoides and Eubacterial 16S rRNA gene primers and RDase gene primers 
have been described previously (44).  The Geobacteraceae-specific primers were 
Geo494Forward (5'-AGG AAG CAC CGG CTA ACT CC-3’) (45) and 
Geo825Reverse (5'-TAC CCG CRA CAC CTA GTT CT-3’) (46). Each 25 µL 
reaction contained 12.5 µL 2x IQ SYBR Green Supermix (Biorad), 0.3 mM of 
forward and reverse primers each, 2 µL template DNA and sterile, nuclease-free 
water (Invitrogen).  The PCR program for Dehalococcoides 16S rRNA gene, tceA, 
bvcA, and vcrA genes was as follows: 50°C (2 min), 95°C (10 min), 45 cycles of 95°C 
(15 s) and 58°C (1 min); the annealing temperature was changed to 52°C for bacterial 
16S rRNA gene primers (44), and 56°C for Geobacteraceae primers. Finally, a 
melting curve ranging from 55°C to 99°C was performed with steps of 1°C and a hold 
of 5s. Calibration curves were made by using serial dilutions of PCR amplified DNA 
samples from pure cultures (Dehalococcoides sp. FL2 for Dehalococcoides or 
Geobacter metallireducens for Geobacteraceae) or plasmids carrying a single cloned 
Dehalococcoides target gene (tceA, vcrA, or bvcA ). The curves describe relationship 
of the gene copy number versus the cycle number at which the fluorescence intensity 
reaches a set cycle threshold value (CT). The amplification efficiencies ranged 
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between 1.85 and 2.05 depending on the primers and methods. Calibration curves had 
linear range over about seven orders of magnitude, from 109 to 102 gene copies per 
µL DNA template for all the primer sets. All calibration curves had R2 values > 0.98. 
The gene copy numbers of the standard DNA template was calculated based on the 
equations and parameters described previously (44).  Each qPCR analysis was 
conducted in triplicate; calibration curves and no-template controls were also 
performed for each time point. 
Statistical analysis. ANOSIM was performed using PRIMER 6 for Windows 
(PRIMER-E, Plymouth, United Kingdom). The R values generated by ANOSIM 
analysis for dechlorination daughter product distribution at each time point during the 
sediment batch experiments were used to compare the similarity amongst different 
conditions.  qPCR data were also statistically aggregated, and DNA samples from 
each replicate were analyzed in triplicate (9 total samples per treatment); a t-test was 
performed to check for significant differences between paired incubation conditions 
for each time point.  
Results and discussion 
Sediment batch experiments. TCE and Fe(III) were reduced concurrently  in 
the first 40 days of the incubations (Figure 5.1). TCE was reduced in the ferrihydrite-
amended incubations at a rate similar to that of the TCE-alone incubations (0.036 ±
0.002 µmol/day in TCE+ferrihydrite and 0.037±0.001 µmol/day in TCE-alone 
incubations) (Figure 5.1 A). In the incubations amended with Fe(III)-NTA, the TCE 
degradation rate was faster (Figure 5.1 B)  (0.065 ±0.002 µmol/day); TCE was 
sequentially transformed through cis-DCE and VC, but all chlorinated ethenes were 
eventually transformed to ethene.  
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The relative abundance of all daughter products, for all treatments and sampling 
time points were calculated as the mole fraction of all the chlorinated ethenes plus 
ethene.  An analysis of similarity (ANOSIM) was used to examine statistical 
significance. ANOSIM generates a test statistic R. The R-value indicates the degree of 
separation between groups of samples, with a value of 1 indicating complete 
dissimilarity and 0 indicating no difference. The R value between TCE+Fe(III)-NTA 
incubations and TCE-alone was 0.722 while the R value between TCE+ferrihydrite 
and TCE-alone was 0.307 (P<0.005), suggesting that Fe(III)-NTA amendment had 
more impact on daughter product distribution than ferrihydrite.  
These results demonstrated that Fe(III) reduction did not inhibit complete 
dechlorination; all incubations (plus and minus Fe(III)) generated approximately the 
same mass of ethene within the experimental timeframe.  Daughter products were 
quantifiable while Fe(III) was being reduced, and the rate of TCE reduction was faster 
in the presence of Fe(III)-NTA than in Fe(III)-free incubations. The question 
remained, however, whether Fe(III) amendment influenced the microbial community 
in terms of enriching dechlorinating microorganisms, as well as the abundance of 
Fe(III)-reducing organisms.  
Microbial community analyses in sediment incubations. Clone libraries 
constructed from samples collected on day 98 generated 23 distinct clone groups 
found amongst the three clone libraries (Table 5.1). The clone groups (OTUs) were 
given alphanumeric names from G1 to G23. The nearest phylogenetic relative for 
each clone group and its relative abundance under all incubation conditions are 
summarized in Table 5.1.   
Two clone groups (G1 and G2) were closely related to Dehalococcoides species 
with ~99% similarity. The clone group G1 was found in all the three incubations. The 
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nearest relative was an uncultured Dehalococcoides sp. clone DcocHCBPCE_48 
(FJ810793.1), which was found in Ebro river sediment that degraded PCE (47). G1 
was also closely associated with the known isolate Dehalococcoides sp. strain GT 
(CP001924.1) with 99% similarity.  Strain GT conserves energy for growth by 
reducing TCE to ethene with little production of cis-DCE or VC (48). The clone G2 
was only detected in the TCE-alone incubations; it was most closely related to 
Dehalococcoides sp. JN18_V4_B (EF059527.1), found in PCB-degrading mixed 
cultures (49).  Dehalococcoides are the only known microorganisms capable of 
reducing TCE completely to ethene (50). Their high abundance here suggests that 
they were enriched and played a major role during TCE degradation irrespective of 
whether Fe(III) was added. 
Seven clone groups were associated with Geobacter species or unclassified 
Fe(III)-reducing clones.  Clone group G4 was of particular interest because it was the 
only Geobacter-like clone detected in all three conditions. G4 was most closely 
associated with Geobacter lovleyi strain SZ (AY914177.1), a TCE  cis-DCE 
dechlorinator and Fe(III) reducer (35), at 98% similarity. The percentage of G4 clones 
was lower in the TCE-alone clone library than either of the Fe(III) amended series. 
We interpreted this as both TCE and Fe(III) having supported the growth of the clone 
G4 cells, with greater enrichment in the Fe(III) amended incubations than those with 
TCE alone (two available electron acceptors instead of one).  
Clone groups G3 and G5 were most closely associated with Geobacter 
humireducens  (AY187306.1), a dissimilatory Fe(III)-reducing organism recovered 
from freshwater wetland sediments (51). Geobacter (formerly Trichlorobacter) 
thiogenes strain K1 (NR_028775.1) was the nearest relative to clone group G6, which 
represented only a small portion in the Fe(III) amended incubations.  Geobacter 
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thiogenes can reduce trichloroacetate (TCA) with acetate as an electron donor, but it 
was not reported to reduce chlorinated ethenes (52); Fe(III) reduction was also not 
reported in the original study of Geobacter thiogenes (52).  
Standard PCR with Shewanella-specific primers was performed to test another 
DIRB group outside of the Geobacteraceae, but no Shewanella phylotypes were 
detected (data not shown). Therefore, qPCR analysis targeted Dehalococcoides and 
Geobacteraceae organisms, as described below.  
Quantification of Dehalococcoides and DIRB in sediment incubations. The 
initial bacterial 16S rRNA gene copy number was 9.6×104 ±0.82×104 per mL slurry in 
the initial sample. The Dehalococcoides cells were 6.5×104 ±0.48×104 per mL. 
Dehalococcoides were already present as a dominant group because the sediment for 
experiment set up was pre-incubated with TCE. Initial Geobacteraceae 16S rRNA 
genes were much less abundant (7.1×103 ±0.99×103 per mL) and represented only a 
small fraction (7.4%) of the total community. More than 80% of the Dehalococcoides 
organisms were vcrA-carrying strains; the tceA and bvcA genes were detected but the 
gene copies were very low (near or below quantification limit) (Figure 5.2). The 
qPCR results were consistent with the clone library data where a dominant clone 
group was related to Dehalococcoides sp. strain GT, which carries the vcrA gene.  
Dehalococcoides numbers increased in all incubations after 98 days - including 
those with Fe(III) amendment (Figure 5.2).  Geobacteraceae populations were 
enriched in Fe(III) amended incubations.  Total Dehalococcoides cells increased to 
2.8×105 ±0.92×105 per mL (TCE+ferrihydrite),  2.0×105 ±0.40×105 per mL 
(TCE+Fe(III)-NTA), and 2.1×105 ±0.30×105 per mL (TCE only) respectively. The 
Dehalococcoides 16S rRNA gene copy numbers under different incubation conditions 
were not significantly different from each other (t-test, P > 0.05).   
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The number of Geobacteraceae in the Fe(III)-amended sediments were one order 
of magnitude higher than that in the incubations without Fe(III). The small increase of 
Geobacteraceae in TCE-alone incubations was most likely due to Geobacter lovleyi-
like cells using TCE reduction for growth. Dehalococcoides and Geobacteraceae were 
enriched concurrently over the course of the experiments in the TCE-
degrading/Fe(III)-reducing sediments, indicating that Fe(III) reducers (and Fe(III) 
reduction) did not inhibit Dehalococcoides growth or complete dechlorination. 
The vcrA-carrying strains were the dominant Dehalococcoides after 98 days, 
comprising 83% (TCE + ferrihydrite), 71% (TCE + Fe(III)-NTA), and 65% (TCE 
only) of all Dehalococcoides quantified. The tceA- and bvcA-carrying strains 
represented a small fraction of the total Dehalococcoides organisms (< 1%).  The 
vcrA gene copies in TCE + ferrihydrite incubations were significantly higher than in 
the other two incubation conditions (t-test, P < 0.05) and represented a larger portion 
of the total Dehalococcoides community (Figure 5.2), which accounts for the lesser 
accumulation of cis-DCE and VC during TCE degradation as compared to TCE + 
Fe(III)-NTA incubations, which had fewer vcrA-carrying organisms but a higher 
relative abundance of Geobacteraceae.  
 cis-DCE and VC accumulated to a greater extent in the Fe(III)-NTA amended 
incubations, which we interpreted as having two overlapping mechanisms.  First, 
Fe(III)-NTA enriched G. lovleyi like DIRB, which reduced TCE to cis-DCE at a rate 
faster than the cis-DCE could be further reduced to VC and ethene.  Second, Fe(III)-
NTA is a more bioavailable form of ferric iron and may slow reductive dechlorination 
relative to ferrihydrite, which is the environmentally relevant form.  While ethene was 
produced in all incubations, Fe(III) speciation has an impact on daughter product 
distribution and reduction kinetics.  We further tested the effects of the two Fe(III) 
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forms on cis-DCE and VC reduction using enrichment cultures developed from the 
contaminated sediment, as reported below.  
Ferrihydrite versus FeNTA in liquid enrichment cultures. Nearly 90% of the 
FeNTA was reduced within the first 17 days in all incubations, whether TCE, cis-
DCE, or VC was the starting chlorinated electron acceptor (Figure 5.3).  Degradation 
rates for TCE were nearly identical irrespective of the presence of FeNTA, but the 
dechlorination rate was slower in FeNTA-amended incubations that had cis-DCE or 
VC as the parent electron acceptor than those incubations that lacked FeNTA (Figure 
5.3). cis-DCE accumulated in the TCE+FeNTA incubations but it did not accumulate 
in the TCE-alone incubations, which was similar to the sediment incubations. Ethene 
production rate was slower in FeNTA-amended incubations that had VC as the parent 
electron acceptor, but the extent was the same without Fe(III).   
Ferrihydrite amended incubations were different; Fe(III) and each chlorinated 
parent compound were concurrently reduced, and dechlorination occurred at similar 
rates irrespective of the presence of Fe(III) (Figure 5.4).  In incubations that started 
with either TCE or cis-DCE as the parent compound, cis-DCE and VC were transient 
intermediates, with ethene produced to a similar extent in the presence or absence of 
Fe(III).  This runs counter to prevailing thought, where Fe(III) is considered to be a 
strictly competitive electron acceptor that “inhibits” complete dechlorination.  There 
was a marked difference based on Fe(III) speciation, which was expected – FeNTA is 
much more available to cells being a soluble electron acceptor.  In fact, it is possible 
that much of the reported “inhibition” may be due to the choice of Fe(III) for 
laboratory experiments – many times soluble Fe(III) forms such as FeNTA or ferric 
citrate are used because they are operationally simpler than ferrihydrite. But, changing 
the form of Fe(III) does impact the results in terms of daughter product 
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accumulation/degradation over the course of an incubation. Ultimately all of the 
TCE/cis-DCE/VC was reduced to ethene even in Fe(III)-NTA amended incubations, 
but Fe(III)-NTA was mostly reduced prior to the onset of most dechlorination. Using 
the environmentally-relevant form (ferrihydrite) demonstrated that the electron 
acceptors can be reduced simultaneously.   
Dehalococcoides and Geobacteraceae (DIRB previously enriched per the clone 
library analysis) were directly quantified using qPCR with primer pairs specific for 
each group.  If Dehalococcoides were inhibited by Fe(III) reducers, this would be 
evident in terms of the total number of cells enriched in the presence or absence of 
Fe(III).  A t-test was used at each time point to determine if the presence of FeNTA or 
ferrihydrite influenced the Dehalococcoides abundance.  In the TCE or cis-DCE 
degrading cultures, the abundance of Dehalococcoides organisms under conditions 
with and without FeNTA was not significantly different at day 18 or day 35 (Figure 
5.5). In the VC degrading cultures, the FeNTA amended incubations had slightly 
lower abundance of Dehalococcoides on day 18 than the incubations without FeNTA, 
However, at day 35 the abundance of Dehalococcoides was higher in the FeNTA 
amended tubes, while the copy number decreased in VC only cultures.  VC was 
almost depleted within 18 days in the VC only tubes, and the drop of 
Dehalococcoides might be due to the decay of cells as there was no VC to support 
growth. 
The abundance of Dehalococcoides increased substantially in all ferrihydrite 
amended incubations.  In TCE or cis-DCE reducing enrichments, the 
Dehalococcoides abundance in the presence of ferrihydrite was not significantly 
different from those in the tubes without ferrihydrite (Figure 5.6).  Although increases 
in Dehalococcoides in VC+ferrihydrite incubations was slightly slower before day 20 
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relative to VC-alone incubations, the results were not significantly different and both 
had statistically the same number of Dehalococcoides by day 39 (Figure 5.6). 
 Geobacteraceae numbers increased in all incubations with Fe(III), whether it 
was FeNTA or ferrihydrite (Figure 5.5 and Figure 5.6).  TCE-alone also promoted a 
small increase in Geobacteraceae (Figure 5.5 and Figure 5.6), most likely due to 
increased in G. lovleyi type cells using TCE reduction to cis-DCE for energy and 
growth.  The critical data within these qPCR experiments is that Dehalococcoides and 
Geobacteraceae (used as a surrogate for total DIRB) increased concurrently over the 
course of the experiment.  When taken with chlorinated solvent and total iron data, 
this suggests that DIRB do not inhibit Dehalococcoides, but in fact they can be co-
enriched if conditions are appropriate for their growth.  These enrichment data 
reinforce the sediment data, in which Geobacteraceae and Dehalococcoides were also 
co-enriched.  Previous assertions that Fe(III) reduction will outcompete complete 
dechlorination may be due to Fe(III) speciation (as described above) (53) or electron 
donor amendment strategies that are not compatible with co-enrichment (this 
encompasses both electron donor type and concentration).  Based on these data we 
identified another proposed mechanism whereby Fe(III) reduction actually assists 
complete dechlorination based on steady state hydrogen concentration, below.   
Hydrogen steady-state concentration.  Molecular H2 is considered the primary 
electron donor for complete dechlorination.  Acetate for complete TCE dechlorination 
has been reported though the process is slow and not complete (28). Therefore the 
likely mechanism in these experiments (with acetate as the sole electron donor) is a 
specific syntrophic metabolism in which acetate was oxidized to CO2 and H2, while at 
the same time chlororespiring microorganisms and/or DIRB consumed H2 produced. 
Some Fe(III) reducers can use acetate to produce hydrogen in syntrophy with 
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hydrogen oxidizing organisms (54), so it is also possible that Fe(III) reducers were 
involved in producing hydrogen. The hydrogen concentration initially increased and 
then decreased to a steady-state level that is within the ideal range for complete 
dechlorination.  Alternate metabolic processes may move the hydrogen concentration 
outside of this optimal range (42,55), but Fe(III) reducers poise the hydrogen 
concentration at a steady-state that has been reported as ideal for reduction of TCE, 
cis-DCE, and VC (5,42,55,56).   
H2 concentration decreased more rapidly in the presence of either FeNTA or 
ferrihydrite to a steady state level between 2 nM and 4 nM, above the threshold values 
for chlororespiration reported in pure culture studies and within the optimal range of 
the values reported in mixed cultures, but below levels where other organisms (e.g., 
methanogens) proliferate (55).  Fe(III) reduction may have actually helped complete 
dechlorination by bringing hydrogen to an appropriate steady-state more quickly than 
the chlorinated electron acceptors alone.   
 To contrast these data the enrichments were incubated with nitrate, which has a 
much higher redox potential than Fe(III) or TCE and which lowers the steady-state 
hydrogen level to less than 0.1 nM.  TCE degradation was completely inhibited in the 
first 20 days (Figure 5.7A) during which time nitrate was completely reduced (Figure 
5.7B). H2 was not detected during the first 8 days, and then began to increase 
afterwards when nitrate was almost depleted. The highest H2 was approximately 1.8 
nM, which was lower than that in the TCE+Fe(III) amended incubations. TCE began 
to slowly transform to cis-DCE after 23 days. Previous studies suggested that nitrate 
inhibition on reductive dechlorination could be due to competition for electron donors 
or toxic effects of denitrification intermediates such as nitrous oxide (8,16,57). The 
lack of TCE dechlorination when H2 was undetectable suggested that competition for 
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H2 was the critical reason for inhibition, as expected.  These data demonstrate true 
inhibition, where even the most easily reduced parent compound (TCE) is not 
degraded when an alternative process is active.  It also further verifies the critical 
nature of the hydrogen steady-state for complete dechlorination, and how controlling 
that steady state with acetate/Fe(III) reduction may be a viable alternative to other 
electron donors used in remediation.   
Conclusions.  The effects of Fe(III) on chlorinated ethene reduction are more 
complex than current thought suggests.  Although there may be competition for 
electron donors, dechlorinators and DIRB were both enriched concurrently, which is 
different than a commonly held perception that DIRB will completely outcompete 
dechlorinators.  Soluble Fe(III) did have a greater impact on reduction of cis-DCE and 
VC than solid-phase Fe(III).  In addition, Fe(III) promoted growth of DIRB which can 
also reduce TCE to cis-DCE (e.g., Geobacter lovleyi), further contributing to TCE 
degradation.  
These results suggest that adding excessive electron donors in bioremediation 
applications to bypass the assumed inhibition from Fe(III) reduction and Fe(III) 
reducers may not be necessary, and that the presence of Fe(III) compounds does not 
hinder transformation of chlorinated ethenes to ethene.  Based on hydrogen partial 
pressure data and the enrichment of DIRB that reduce TCE to cis-DCE, it is plausible 
to assert that Fe(III) reduction may actually help the avoidance of a “spiral to failure” 
that can occur with excess donor in the remediation efforts for TCE.  
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Figure 5.1. TCE degradation and daughter product transformation in sediment 
incubations with Ferrihydrite (A), FeNTA (B), or no Fe(III) amendment (C). Results 
are the means of triplicate analyses. Bars indicate standard deviations. 
 
 
 
 
Figure 5.2. qPCR analyses of samples from the sediment incubations with the specific 
qPCR primers. The bar graph depicts gene copy numbers in the initial sediment 
samples, and 98-day samples from the three incubation conditions. Each bar 
represents the average of DNA samples from triplicate bottles under each incubation 
conditions, each quantified in triplicate (n=9). Error bars represent standard 
deviations. The gene copy numbers are given on a log scale. 
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Figure 5.3. A. Reductive dechlorination with or without FeNTA reduction in the 
enrichment cultures degrading TCE, cis-DCE, or VC. The degradation rates of each 
chlorinated ethene under each condition are shown; numbers in parentheses indicate 
standard deviations. B. H2 concentration change in the dechlorinating enrichment 
cultures; each plot compares the incubations with and without FeNTA. Results are the 
means of triplicate analyses. Bars indicate standard deviations. 
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Figure 5.4. A. Reductive dechlorination with or without ferrihydrite reduction in the 
enrichment cultures degrading TCE, cis-DCE, or VC. The degradation rates of each 
chlorinated ethene under each condition are shown; numbers in parentheses indicate 
standard deviations. B. H2 concentration change in the dechlorinating enrichment 
cultures; each plot compares the incubations with and without ferrihydrite. Results are 
the means of triplicate analyses. Bars indicate standard deviations.  
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 Figure 5.5. 16S rRNA gene copy numbers of Dehalococcoides and Geobacteraceae 
organisms in the cultures that degraded TCE, cis-DCE or VC, under conditions with 
or without FeNTA. Each point represents the average of DNA samples from triplicate 
bottles under each incubation conditions, each quantified in triplicate (n=9). Error 
bars represent standard deviations. The gene copy numbers are given on a log scale. 
 
 
Figure 5.6. 16S rRNA gene copy numbers of Dehalococcoides and Geobacteraceae 
organisms in the cultures that degraded TCE, cis-DCE or VC, under conditions with 
or without ferrihydrite. Each point represents the average of DNA samples from 
triplicate bottles under each incubation conditions, each quantified in triplicate (n=9). 
Error bars represent standard deviations. The gene copy numbers are given on a log 
scale. 
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 Figure 5.7. A.TCE degradation in the nitrate amended incubations. B. nitrate 
reduction and nitrite production, and H2 concentration change. Results are the means 
of triplicate analyses. Bars indicate standard deviations.  
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CHAPTER 6 
THE EFFECT OF ELECTRON DONOR CONCENTRATIONS ON 
COMPLETE DECHLORINATION OF CHLORINATED ETHENES UNDER 
FE(III)-REDUCING CONDITIONS 
 
Abstract 
Batch experiments with contaminated aquifer sediment demonstrated that TCE 
and VC were completely degraded with concurrent Fe(III) reduction when acetate 
was amended at a stoichiometric level, and that Fe(III) reduction did not inhibit 
ethene production. A ten-fold higher acetate addition did not facilitate TCE 
dechlorination, but stimulated high methane production (up to 30 µmole/bottle of 
sediment incubation). Experiments with a liquid enrichment culture showed that ~90 
µM TCE or ~22 µM VC was degraded primarily to ethene within 20 days while 
Fe(III) was reduced concurrently. The dechlorination rates were similar among the 
incubations with different acetate concentrations. Methane accumulated to 13.5 
µmol/tube on average in the TCE-degrading incubations with 10X acetate, and only 
1.4 µmol/tube with low acetate concentration. The VC-degrading incubations had 16 
µmol/tube methane produced with10X acetate and 2 µmol/tube with stoichiometric 
acetate. The portion of electrons going to methanogenesis increased substantially 
when excessive acetate was added. Quantitative PCR analysis revealed that 10X 
acetate did not enhance the Dehalococcoides enrichment but increased the 
methanogen abundance by nearly one order of magnitude compared to that with 
stoichimetric acetate. 14C-VC degradation test suggested both microbial reductive 
dechlorination pathway and anaerobic oxidation pathway may play a role in the 
chlorinated ethene degradation under Fe(III) reducing conditions with limited electron 
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donors.  The study suggests that stoichiometric level of organic substrates will be 
adequate for efficient and cost-effective chlorinated ethene bioremediation, without 
producing excessive methane.  
Introduction 
Chlorinated ethenes are widespread aquifer contaminants in the United States. 
Trichloroethene (TCE) is among the most prevalent groundwater contaminants due to 
its common use as organic solvents in industry and dry cleaning (1,2). TCE 
bioremediation via reductive dechlorination is one of the most prevalent strategies. 
Under anoxic conditions in contaminated aquifers, TCE can be sequentially 
transformed to dichloroethene isomers (primarily to cis-DCE), vinyl chloride (VC), 
and finally to ethene (3), or under certain conditions to ethane (4). However, the 
reduction of less chlorinated ethenes is often the rate limiting step, leading to the 
accumulation of cis-DCE and vinyl chloride VC in many contaminated sites (5,6).  
TCE and cis-DCE are suspected carcinogens, while VC is a proven animal 
carcinogen, with the maximum concentration level in drinking water set at 2 µg/L (7). 
Thus, a common challenge in TCE bioremediation is to reduce the accumulation of 
the toxic daughter products (especially VC) caused by partial dechlorination. 
Partial dechlorination of chlorinated ethenes is often attributed to the availability 
of electron donors. Addition of substrates that ferment to hydrogen (such as short-
chain organic acids) to stimulate reductive dechlorination in situ has been 
demonstrated to be an effective bioremediation strategy (6, 8,9). Because of 
competition from alternative terminal electron accepting processes (TEAPs) for 
electron donors (6), excessive electron donors are usually applied, and it is considered 
that electron donors at very high concentration may “overcome” the competition and 
thus avoid incomplete dechlorination (10-12). However, whether adding surplus 
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substrates actually facilitate complete dechlorination remains uncertain as results from 
previous studies were inconsistent (12-14). Moreover, while complete dechlorination 
is pursued, attention should be paid to the potential adverse effects of adding 
excessive organic substrates, such as increased concentration of organic acids and 
decreased pH in the aquifer system, bioclogging, increased methane production (15-
18),  as well as increased cost due to unnecessary substrate usage.  
Considering the alternative TEAPs, Fe(III) reduction is a dominant TEAP in 
many aquifer sediments due to the prevalence of iron-bearing compounds in the 
subsurface environment (19,20). Especially, Fe(III)-reducing conditions can develop 
under conditions where organic substrates are readily available, e.g., in chlorinated 
solvent bioremediation where substantial amounts of electron donors are added (6,21-
23). A common opinion is that the presence of bioavailable Fe(III) would inhibit 
complete TCE dechlorination as Fe(III) reducers would outcompete dechlorinators for 
electron donors (24). However, our study demonstrated that Fe(III) reduction did not 
inhibit complete reduction of TCE, cis-DCE or VC to ethene (Chapter 5). Given this, 
further study is warranted to confirm that Fe(III) reduction would not outcompete 
chlorinated ethene reduction and to learn whether excessive amounts of electron 
donor is really needed to assist complete dechlorination under Fe(III)-reducing 
conditions.  
The objectives of our study were to determine the effect of electron donor 
concentrations (excessive versus stoichiometric) on trichloroethene (TCE) and vinyl 
chloride (VC) dechlorination under Fe(III)-reducing conditions. The study set up 
sediment incubations and enriched liquid cultures active in complete chlorinated 
ethene dechlorination with concurrent Fe(III) reduction using acetate as the sole 
electron donor. Both systems were used to compare the dechlorination rates and 
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extents under conditions with or without Fe(III) reduction, and to evaluate the effects 
of excessive electron donor addition on the processes of interest and the relevant 
microbial population development.  
Materials and methods  
Chemicals. TCE, cis-DCE, and VC (>99.5% pure gas or 1000 ppmv in 
nitrogen) were purchased from Sigma-Aldrich (Milwaukee, WI). Poorly crystalline 
Fe(III) (hydr)oxide was synthesized from ferric chloride as previously described (25). 
[U-14C]-VC (5 mCi/mmol, in hexadecane) was purchased from American 
Radiolabeled Chemicals, Inc (St. Louis, MO). All other chemicals used were of 
reagent grade quality or higher. 
Sediment microcosm experiments.  Sediment incubations were set up with 
chlorinated solvent contaminated aquifer material from a bioremediation site of 
Camp, Dresser, and McKee. Active TCE dechlorination was detected at the site. The 
samples were processed immediately after they were shipped overnight to our lab in 
anoxic, sealed containers. Fe(III) and sulfate in the native material was very low.  
Two batches of sediment incubations were set up with anoxic techniques 
described previously (26).  The first batch had only TCE added as the electron 
acceptor; the second batch had TCE and poorly crystalline Fe(III) (hydr)oxide 
(ferrihydrite) (~20 mM). Acetate was amended as the sole electron donor. For each 
series there were two electron donor strategies. The first donor strategy was a 
“stoichiometric” approach in which the acetate concentration was at the level 
balanced with the electron acceptors present. The second approach was an 
“excessive” electron donor approach in which the bottles were amended with 10X the 
stoichiometric amount of acetate. Sterile controls were set up in the same way as 
experimental bottles and were autoclaved for 1 h each day for three consecutive days. 
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The bottles were incubated in dark at 18°C without shaking. When all the chlorinated 
ethenes were depleted and ethene was present as the only product, all the bottles were 
flushed with N2 and re-amended with electron donor and acceptors as originally 
designed. Then, dechlorination rates and daughter products were monitored more 
closely, and Fe(III) reduction rates were quantified for Fe(III) amended incubations. 
To evaluate dechlorination of VC as the parent compound, a similar sediment batch 
experiment was conducted in which VC was added in lieu of TCE. All the incubations 
were set up in triplicate.  
Enrichment culture experiment. Liquid enrichment cultures were developed 
with the liquid mixture from the sediment incubations as the starting inoculants, and 
cultures with stable activity were obtained after more than five transfers. An active 
TCE-dechlorinating Fe(III)-reducing liquid culture was used as a homogenous 
inoculation source to set up the batch experiment, as described below.  
The medium was a modified defined freshwater medium as previously described 
(27). HEPES buffer was used, and resazurin was added. Each anaerobic pressure 
incubation tube (nominal volume 26 mL) contained 13.5 mL medium with N2 filled 
headspace, and was prepared with anoxic techniques described previously (26). Two 
batches were set up, with TCE or VC as parent compound, respectively. Three 
treatments were applied for each batch: TCE or VC+Fe(III)+acetate at a 
stoichiometric level, TCE or VC+Fe(III)+10X acetate, TCE or VC only as control 
(with acetate at stoichiometric level). 0.15 µL TCE (1:20 v/v in hexadecane) was 
added to deliver ~1.5 µmol total mass per tube (~90 µM aq. concentration); VC 
standard gas was added to deliver generate ~0.65 µmol total amount per tube (~22 
µM aq. concentration). Fe(III) was in the form of poorly crystalline Fe(III) 
(hydr)oxide (ferrihydrite). Experiments began with a 10 % (v/v) inoculum and tubes 
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were incubated upside down in dark at 18°C without shaking. The parameters 
quantified are described in a later section.  
14C-VC anaerobic oxidation study. Anaerobic sediment incubations for 14C-VC 
oxidation study were set up via anoxic techniques as described above. Two conditions 
were used in the batch experiment: 14C-VC +Fe(III) (20 mM) and 14C-VC only. 
Limited amount of acetate was added (0.5 mM). 14C-VC was added from an anoxic 
stock to deliver a radioactivity of ~1.8 µCi. Then, headspace samples were taken with 
strict anoxic techniques at each time point and 14C-labeled degradation products were 
quantified.  
Analytical methods. TCE, DCE isomers, VC, ethene, ethane, and methane were 
quantified with a gas chromatograph equipped with a flame ionization detector 
(Hewlett Packard Series 6890A); the column used was a 30 m by 0.53 mm GS-Q 
column (J& W Scientific, Waldbronn, Germany). Headspace samples were taken 
using anoxic techniques as described previously (28). Aqueous Fe(II) and total 
bioavailable iron were quantified by the ferrozine assay as previously described (29). 
14C compounds were measured with scintillation counter (for liquid phase) or 
(Hewlett Packard Series 6890A) equipped with radioactive gas proportional counter 
(IN/US Systems, Inc., GC-Ram) (for gas phase). 
DNA extraction and quantitative PCR analysis of Dehalococcoides. Samples 
from the enrichment culture batch experiment were taken at day 1, day 11, and day 
20. Genomic DNA from the culture biomass was extracted using FastDNA SPIN Kits 
(different kits were specific for soil or cell cultures; MP Biomedicals, Solon, OH, 
USA).  
The quantitative PCR (qPCR) analyses were conducted with a MiniOpticon 
qPCR detection system and IQ SYBR Green Supermix (BioRad, Hercules, 
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California). Specific primers were used to target and quantify copies of 
Dehalococcoides 16S rRNA genes. The Dehalococcoides 16S rRNA gene primers 
have been described previously (30). Each 25 µl reaction contained 12.5 µL 2x IQ 
SYBR Green Supermix (Biorad), 0.3 mM of forward and reverse primers each, 2 µL 
template DNA and sterile, nuclease-free water (Invitrogen).  The PCR program for 
Dehalococcoides 16S rRNA gene was as follows: 50°C (2 min), 95°C (10 min), 45 
cycles of 95°C (15 s) and 58°C (1 min). Finally, a melting curve ranging from 55°C to 
99°C was performed with steps of 1°C and a hold of 5 s. Calibration curves were 
made by using serial dilutions of PCR amplified DNA samples from Dehalococcoides 
sp. FL2 pure cultures. The amplification efficiencies ranged between 1.87 and 1.92. 
Calibration curves had linear range over about seven orders of magnitude, from 109 to 
102 gene copies per µL DNA template, and R2 values > 0.98. The gene copy numbers 
of the standard DNA template was calculated based on the equations and parameters 
described previously (30).  Each qPCR analysis was conducted in triplicate, and 
calibration curves and no-template controls were performed together with samples 
each time. As for qPCR data, t-test was performed to check the significant difference 
between different incubation conditions for each time point.  
Archaeal clone library and qPCR analysis. The partial archaeal 16S rRNA 
genes in the extracted DNA samples were amplified by PCR with primer pair Arc25F 
(5'- CYG GTT GAT CCT GCC RG -3') (31) and Arc958R (5'-YCC GGC GTT GAM 
TCC AAT T-3') (32). PCR product purity and size were checked by electrophoresis 
on 2% agarose gel.  
Clone libraries were constructed using PCR product from 10X acetate amended 
cultures following the previously described method (26) with a TOPO TA Cloning 
Kit for Sequencing and One Shot Mach1TM-T1 competent E. coli cells (Invitrogen 
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Corporation, Carlsbad, CA, USA). Amplified Ribosomal DNA Restriction Analysis 
(ARDRA) was performed by digesting the M13-primer PCR products with two 
FastDigest® restriction enzymes, HhaI and MspI (Fermentas). The digested products 
were separated on a 3% Metaphor agarose gel (Cambrex Bio Science). The DNA 
band patterns were visualized and recorded using Molecular Imager Gel Doc XR 
System (Bio-RAD). Representative clones were sequenced at the W. M. Keck Center 
for Comparative and Functional Genomics at the University of Illinois. Chimeric 
sequence check was performed with Chimera Check software on the RDP website 
(http://rdp.cme.msu.edu/). Sequences were compared with the GenBank database 
using nucleotide BLAST (National Center for Biotechnology Information).  
Based on archaeal clone library information (as described later), archaeal 16S 
rRNA gene primers were used in Sybr Green I qPCR analysis to quantify 
methanogens.  Primers used were Arc806F (5'-AT TAG ATA CCC SBG TAG TCC-
3') (33) and Arc958R. The PCR program was as follows: 50°C (2 min), 95°C (10 
min), 45 cycles of 95°C (15 s) and 54°C (1 min), followed by a melting curve ranging 
from 55°C to 99°C was performed with steps of 1°C and a hold of 5 s. Calibration 
curves were made by using purified archaeal 16S rRNA gene PCR product. The 
amplification E value was 1.97 (i.e., efficiency was 97%). Calibration curves had a 
linear range from 109 to 102 gene copies per µL DNA template, and a R2 value >0.99.  
Each qPCR analysis was conducted in triplicate, and calibration curves and no-
template controls were performed together with samples. A t-test was performed to 
check for significant differences between samples.  
Results and discussion 
Complete dechorination under Fe(III)-reducing conditions. Figure 6.1 shows 
TCE reductive dechlorination in the sediment incubation after two amendments of 
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ferrihyrite and stoichiometric level of acetate. TCE was completely reduced in 
approximately ten days. Ethene was the primary daughter product; cis-DCE and VC 
accumulated a little during the TCE dechlorination process.  Fe(II) concentration 
increased concurrently with ethene production. The rates and extents of 
dechlorination were comparatively low in the TCE only sediment incubations, though 
no significant Fe(III) reduction occurred (Figure 6.2).  
VC is a problematic daughter product that often accumulates during TCE 
reductive dechlorination (5,6). In the sediment incubations here, very little VC 
accumulated during TCE degradation under Fe(III)-reducing conditions, so we 
continued to investigate VC dechlorination with the presence of Fe(III). As shown in 
Figure 6.3A, VC was completely transformed to ethene with concurrent production of 
Fe(II), and the ethene production rate was similar to that of the VC only incubation 
(Figure 6.3B). These data showed that VC, as the parent compound, could be 
degraded completely under Fe(III)-reducing conditions. In both TCE and VC 
degradation, Fe(III) reduction did not inhibit complete dechlorination. The 
observations demonstrate that the common opinion that complete reductive 
dechlorination (i.e., ethene production) would not occur when bioavailable Fe(III) is 
present is not necessarily the case.  
Dechlorination with excessive electron donor in the sediment. Excessive 
amount of electron donor is usually applied in chlorinated solvent bioremediation to 
bypass the assumed “inhibition” by Fe(III). When10X stoichiometric level of acetate 
was added, both TCE dechlorination and Fe(III) reduction occured, but the 
dechlorination rate was even slower than that in the sediment with stoichiometric 
acetate and the extent of ethene production was smaller (Figure 6.4A ). Moreover, it is 
noteworthy that methanogenesis was stimulated by the excessive acetate addition. 
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One of the triplicate incubations had CH4 accumulated to nearly 30 µmole/bottle 
while the other two produced around 10 µmole/bottle of CH4 (Figure 6.4B). In 
contrast, no methane production was detected in the batch with stoichiometric level of 
acetate (data not shown). The results suggest that surplus organic substrates may not 
help increase the efficiency of dechlorination but only facilitate methanogenesis.  
The effect of electron donor concentrations on dechlorination under Fe(III) 
reducing conditions in enrichment cultures. Liquid cultures active in TCE 
degradation and Fe(III) reduction were enriched and were used to further investigate 
the effects of electron donor concentration on dechlorination and alternative TEAPs 
of interest (i.e., Fe(III) reduction and methanogenesis). Similar to the observation in 
the sediment experiment, TCE degradation occurred under in the ferrihydrite 
amended incubations and the rates were almost the same as that in the TCE only 
control cultures (Figure 6.5). All the chlorinated ethenes were transformed to ethene 
within 20 days in the TCE+Fe(III)+stoichiometric acetate incubations (Figure 6.5A), 
while the incubations with 10X aceate still had VC accumulated on day 20 (Figure 
6.5B). As to VC degradation, Figure 6.6 shows that VC was depleted within 20 days 
in all the incubations with concurrent Fe(III) reduction activity. Ethene production 
rates between conditions with different acetate concentrations were similar too. These 
data confirmed the sediment experiment observation that Fe(III) reduction did not 
inhibit reductive dechlorination, and demonstrated that adding excessive amount of 
electron donor did not actually facilitate complete dechlorination of chlorinated 
ethenes. 
That acetate supported complete TCE dechlorination to ethene with concurrent 
Fe(III) reduction is a unique phenomenon. Fermentable electron donors are usually 
used for reductive dechlorination, including a number of organic compounds such as 
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lactate, butyrate, benzoate, ethanol, or carbohydrates such as molasses. Hydrogen is 
needed for complete dechlorination to ethene according to current knowledge (34), so 
these substrates may be fermented to release hydrogen for reductive dechlorination, 
which does not exclude that they may be used directly (e.g., for TCE degradation to 
cis-DCE). Acetate, a non-fermentable substrate, did not stimulate chlorinated ethene 
dechlorination easily (35,36). Acetate usage is relevant to chlorinated ethene 
bioremediation conditions, because acetate is generated as the major fermentation 
products from the complex organic substrates added in bioremediation. Also, in the 
natural subsurface environment, acetate is the most abundant organic acid produced 
from fermentation processes (37). The use of acetate coupled to TCE and VC 
reduction to ethene and Fe(III) reduction in our study might involve a syntrophic 
mechanism. Acetate could be converted to carbon dioxide and molecular hydrogen by 
syntrophic organisms in cooperation with hydrogen-oxidizing partners (e.g., Fe(III) 
reducers and dechlorinators), and hydrogen concentration must be kept at a low level 
for the sytrophic metabolism to proceed. Fe(III) reduction could help keep H2 at a low 
level which would allow hydrogen production from acetate to proceed, but this low 
level of H2 would still suffice for complete reductive dechlorination as illustrated by 
our previous observation (Chapter 5). This means high level of acetate does not 
necessarily lead to correspondingly high levels of H2 under Fe(III)-reducing 
conditions and thus does not significantly stimulate reductive dechlorination.  
The effect of electron donor concentrations on methanogenesis. Noticeably, 
excessive electron donor stimulated methane production (Figure 6.7). Methane 
accumulated to 13.5 µmol/tube on average in the TCE degrading incubations with 
10X acetate addition, and to only 1.4 µmol/tube with low acetate concentration. 
(Figure 6.7A). The VC degrading incubations had similar profile as to methane 
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production under high versus low acetate conditions (16 µmol/tube and 2 µmol/tube 
on average in the incubations with10X and stoichiometric acetate, respectively) 
(Figure 6.7B). Substantial increase of CH4 occurred when Fe(II) concentration almost 
leveled off. The reason for this might be that methanogenesis is a less favorable 
TEAP than Fe(III) reduction and might be outcompeted by active Fe(III) reducers 
initially.  
The observation that surplus organic substrates promoted higher methanogenesis 
activity but no faster dechlorination suggests that methanogenesis and reductive 
dechlorination were not directly related. This lack of correlation was also found in 
previous studies (11,36,38), though dechlorination was often reported to occur under 
methanogenic conditions (6). Ballapragada et al. (36) also found that dechlorinating 
organisms outcompete methanogens with low hydrogen supply, meaning that the low 
electron donor strategy would be more efficient to target dechlorinating population 
and prevent the growth and activity of unwanted populations such as methanogens. 
Distribution of electron consumption in different TEAPs. The proportion of 
the electrons consumed by each of the three TEAPs were calculated and compared 
between the conditions with different electron donor concentrations (Table 6.1). 
When acetate concentration was low, Fe(III) reduction consumed most of the 
electrons but still enough electrons were available for complete dechlorination, and 
only a small portion of electrons flowed to methanogenesis (Table 6.1, column A and 
C). When high concentration of acetate was added, electrons flowing to 
dechlorination did not increase (i.e., total electron equivalents available times the 
percentage consumed by dechlorination), which is in agreement with the results of 
dechlorination rates and extents as discussed earlier. However, the portion of 
electrons going to methanogenesis increased a lot, which was 36.5 % in TCE+Fe(III)+ 
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10X acetate condition versus 6.2 % in stoichiometric acetate and 41.7 % in 
VC+Fe(III)+ 10X acetate condition versus 8.5 % in stoichiometric  acetate. Moreover, 
it is noteworthy that only a very small portion of total available electrons were used in 
the 10X acetate amended incubations (Table 6.1, column B and D). These 
calculations may underestimate the portion of overall electron donor consumed over 
total electron equivalents available because some other electron consuming processes 
such as biosynthesis were not taken into account, but the comparison for the high and 
low electron donor conditions still holds as the same parameter is used. The analysis 
revealed that stoichiometric level of electron donor is adequate for complete 
dechlorination even though active Fe(III) reduction may consume a large portion of 
electrons. Adding high concentration of organic substrates will result in unwanted 
processes and lead to substrate wastage and unnecessary cost.  
According to the results from previous studies, the effect of high electron donor 
concentrations on reductive dechlorination varied, but all reported stimulatation of 
methanogenesis by high levels of electron donor addition. Gibson et al.  (10) studied 
the effects of three concentrations of mixed fatty acids on the PCE reductive 
dehalogenation in sediment microcosms. Though the lag time before PCE degradation 
began was different under the three conditions, the amount of PCE transformed to 
TCE and cis-DCE finally was similar and the same zero-order rate constant was 
calculated for the two conditions with 0.1 and 1.0 mM fatty acid addition. Another 
study with leachate microcosms showed that methane production was correlated with 
the amount of organic carbon expressed as BOD but did not show a correlation 
between faster PCE dechlorination and BOD (11). Some studies reported increased 
rates of both methanogenesis and reductive dechlorination. Zhuang and Pavlostathis 
(13) reported increased methane production with increased levels of electron donor 
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(acetate) ; reductive dechlorination was also stimulated but only to cis-DCE or VC. 
Heimann et al.  (12) observed high H2 concentration build-up by feeding 
Dehalococcoides containing cultures with excessive lactate, which led to rapid 
methanogenesis as well as complete dechlorination. The inconsistent results about the 
effect of electron donor concentrations on reductive dechlorination rates were 
probably due to the difference of some other factors such as pH and initial microbial 
community structures (16). Our study is consistent with the previous studies with 
respect to the effect of excessive electron donor amendment on enhancing methane 
production, which is adverse as methane is a greenhouse gas and would be of 
environmental concern at high levels or cause management problems in 
bioremediation sites. 
Abundance of Dehalococcoides and methanogens. To date, complete reductive 
dechlorination (i.e., production of ethene from parent chlorinated solvents) has been 
attributed to only Dehalococcoides (39, 3). Dehalococcoides was identified as the 
dominant population in the enrichment culture source for our experiment (data not 
shown). Changes of Dehalococcoides abundance in the enrichment culture batch 
experiment were quantified using qPCR. In the TCE degrading cultures, the 
abundance of Dehalococcoides under conditions with and without Fe(III) was not 
significantly different on day 11. On day 20, the Fe(III) amended TCE incubations 
with stoichiometric acetate had higher Dehalococcoides 16S rRNA gene copy 
numbers than the ones with 10X acetate (P< 0.05) (Figure 6.8). In the VC degrading 
cultures, the Fe(III) amended incubations had slightly lower abundance of 
Dehalococcoides on day 11 than the incubations without Fe(III), but there was no 
significant difference among the different incubation conditions on day 20 (Figure 
6.8). The data complemented the batch experiment data on dechlorination rates, by 
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revealing that Fe(III) reduction did not inhibit Dehalococcoides growth and that 
excessive acetate did not enhance the Dehalococcoides enrichment. 
The ARDRA patterns looked the same for all 50 clones in the archeael clone 
library. Sequencing revealed the clones had the same sequence for the 16S rRNA 
gene fragment inserted. The BLAST result showed that the sequence was closely 
related to an uncultured archaeon clone ATB-KM-3231-A16 with 97% similarity. The 
clone ATB-KM-3231-A16 was reported in a study that characterized the 
methanogenic Archaea in biogas reactor systems (40). The ARDRA analysis was 
repeated to confirm the pattern observed, and only one pattern was obtained as in the 
first run. The reason might be that the culture used for study was highly enriched and 
thus only one OTU could be detected. Based on the clone library analysis and the 
methanogenic activity observed in the batch experiment, it is reasonable to regard that 
there were no detectable non-methanogenic archaea in these cultures, so archaeal 
primer pair was used to target and quantify methanogens in qPCR analysis.  
Comparing the abundance of methanogens between conditions with different 
electron donor amendment, the 16S rRNA gene copy number in 10X acetate amended 
incubations was nearly one order of magnitude higher than that in the conditions with 
stoichimetric acetate along the experimental course, in both TCE-degrading and VC-
degrading culture (Figure 6.9). The qPCR analysis results agree with the observation 
in the process study where 10X acetate addition stimulated much higher methane 
production. The growth of methanogens was stimulated when there was surplus 
electron and carbon sources, and the enhanced methanogen population could intensify 
the competition with dechlorinating organisms for substrates and other nutrients.  
Oxidative dechlorination of VC under Fe(III) reducing conditions. The 
sediment batch experiment in this study showed that ethene production was a little 
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less than the stoichiometry of complete reductive dechlorination to ethene (1:1), 
indicating the possibility of other degradation pathways. Besides reductive 
dechlorination, oxidation is another important pathway for biodegradation of less 
chlorinated ethenes. Being least chlorinated, VC is most likely to undergo oxidation. 
Anaerobic oxidation of VC was reported previously (41-45).  
To examine the potential oxidation of vinyl chloride under the Fe(III)-reducing 
condition in the sediment samples, 14C-radiolabled VC was added to the sediment 
materials from the batch experiment above. Figure 6.10 shows the degradation of 14C-
VC to 14C-ethene and 14CO2. 14C-ethene and 14CO2 were produced simultaneously in 
the incubations with Fe(III), while 14C-VC was primarily degraded to14C-ethene in the 
incubations with no Fe(III) amendment and there was much less production of 14CO2. 
The effect of Fe(III) reduction in the anaerobic oxidation of chlorinated compounds 
are still under investigation, but previous studies by Bradley et al. (42,45) reported 
that 14C-VC was mineralized to 14CO2 under Fe(III)-reducing conditions without 
accumulation of ethene. Our experiment used a limited amount of acetate and thus 
14C-ethene production was stimulated together with 14CO2. 14C-VC oxidation test was 
also performed with the enrichment culture incubations, but no 14C-CO2 production 
was detected (data not shown). One possible explanation is that the VC-oxidizing 
organisms originally present in the sediment were diluted out after a number of 
transfers during enrichment culture development under the condition favoring 
reductive dechlorination.  These results suggested that that both microbial reductive 
dechlorination and anaerobic oxidation pathways may play a role in the chlorinated 
ethene degradation under Fe(III) reducing conditions with limited electron donors. 
However, what mechanisms are involved would depend on the microbial community 
structure (e.g., the presence of related organisms for reductive or oxidative 
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dechlorination) in bioremediation sites. In contaminated aquifers where organisms for 
oxidative dechlorination are present in addition to TCE reducers, one strategy to 
stimulate complete dechlorination might be using the combined pathways of reductive 
dechlorination of TCE to DCE and/or VC and then anaerobic oxidation of the less 
chlorinated ethenes coupled to Fe(III) reduction (which does not preclude reductive 
dechlorination of less chlorinated ethenes). The evidence in our study that low 
electron donor concentration will not hinder TCE reduction with concurrent Fe(III) 
reduction also argues for the feasibility of the approach. Though a number of 
organisms for reductive dechlorination have been identified, further study is needed to 
learn what microorganisms are responsible for anaerobic oxidation of less chlorinated 
ethenes. Such information is important, because it will help people to understand the 
fate of chlorinated ethenes in the environment with limited organic substrates for 
reduction, and to target relevant microbial populations to assess the feasibility of 
applying oxidative dechlorination strategy in specific bioremediation sites.  
In summary, our study showed that acetate promoted simultaneous Fe(III) 
reduction and complete TCE dechlorination to ethene, though Fe(III) reduction has 
long been considered a “competitive” process with respect to complete dechlorination 
of TCE to ethene.  Adding stoichiometric level of organic substrates will be adequate 
for efficient and cost-effective TCE dechlorination in bioremediation, without 
producing too much methane. With limited amount of the electron donor under Fe(III) 
reducing conditions, oxidative dechlorination might also contribute to the chlorinated 
ethene removal given that appropriate organisms are present. The amount of organic 
substrates (electron donors) to use in chlorinated ethene bioremediation must be 
determined carefully by evaluating the actual effect in stimulating dechlorination as 
well as the potential side effects. Even though sometimes faster dechlorination may be 
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achieved by adding large amount of organic substrates, this would contradict the 
remediation goals on the whole considering the adverse effects by surplus substrate 
addition to aquifer systems.  
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Figure 6.1. TCE degradation, and Fe(II) accumulation in the aquifer sediment 
incubations amended with TCE+ferrihydrite+acetate (stoichiometric level). Results 
are the means of triplicate analyses. Bars indicate standard deviations. 
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Figure 6.2. TCE degradation, and Fe(II) accumulation in the sediment incubations 
amended with TCE+acetate (stoichiometric level). Results from each triplicate are 
shown individually. 
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Figure 6.3. VC degradation, and Fe(II) accumulation in the aquifer sediment 
incubations amended with A. VC+Ferrihydrite+acetate,  and B. VC+acetate. Acetate 
was amended at stoichiometric level. Results are the means of triplicate analyses. Bars 
indicate standard deviations. 
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Figure 6.4. A. TCE degradation, and Fe(II) accumulation in the sediment incubations 
amended with TCE+Fe(III)+10X acetate. Results are the means of triplicate analyses. 
Bars indicate standard deviations. B. Mechane production in the sediment incubations 
amended with TCE+Fe(III)+ 10X acetate. Results from each triplicate are shown 
individually. 
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Figure 6.7. Methane production in the TCE-degrading enrichment cultures (A) and 
VC-degrading enrichment cultures (B) under different incubations conditions. Results 
are the means of triplicate analyses. Bars indicate standard deviations.  
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Figure 6.8. 16S rRNA gene copy numbers of Dehalococcoides organisms in the TCE-
degrading or VC-degrading enrichment cultures under different incubation conditions. 
Each point represents the average of DNA samples from triplicate bottles under each 
incubation condition, each quantified in triplicate (n=9). Error bars represent standard 
deviations. The gene copy numbers are given on a log scale. 
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Figure 6.9. Archaeal 16S rRNA gene copy numbers (representing methanogens) in 
the TCE-degrading or VC-degrading enrichment cultures under different incubation 
conditions. Each point represents the average of DNA samples from triplicate bottles 
under each incubation condition, each quantified in triplicate (n=9). Error bars 
represent standard deviations. The gene copy numbers are given on a log scale. 
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Figure 6.10. 14C-VC mineralization in the sediments amended with Fe (III) or without 
Fe(III).  Results are the means of triplicate analyses. Bars indicate standard 
deviations. 
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CHAPTER 7 
CONCLUSIONS AND RECOMMENDATIONS 
Biotransformation of groundwater contaminants is greatly influenced by the 
redox condition in the contaminated environment. Fe(III)-reduction is a prevalent 
TEAP and dominant in many soil and sediment environments, but its influence on 
contaminant biotransformation and relevant microbial communities is not well 
understood. This research investigated the biodegradation of two groups of 
contaminants, fuel oxygenates (MTBE and TBA) and chlorinated ethenes (TCE, cis-
DCE and VC), in sediment microcosms and enrichment cultures with the focus on 
their biodegradation under Fe(III)-reducing conditions. As for both groups, novel 
anaerobic cultures were obtained and characterized; combined kinetic studies and 
microbial community analyses promote understanding in anaerobic MTBE/TBA 
mineralization under different TEAP conditions, and provide initial information on 
the complex effects of microbial Fe(III) reduction on chlorinated ethene 
dechlorination. The following conclusions and implications can be made from the 
results in this research study. 
1. Three distinct MTBE-degrading, anaerobic cultures were derived from 
MTBE-contaminated aquifer material, and they use anthraquinone-2,6-
disulfonate (AQDS), sulfate and fumarate as the terminal electron acceptor, 
respectively. Phylogenetic analyses based on 16S rRNA gene suggested 
novel microorganisms (i.e., no closely related known genera or species) 
catalyze anaerobic MTBE biodegradation, and microbial diversity varied 
with different electron acceptors. These cultures are the first stable, sediment-
free anaerobic MTBE-degrading cultures.   
157 
 
The primary limitation to understanding microbial physiology, biochemistry, 
and molecular ecology of anaerobic MTBE metabolism has been the lack of 
liquid cultures that maintain consistent activity with repeated transfers, in a 
reasonable timeframe for experimentation.  These cultures provide model 
systems for mechanistic studies of anaerobic MTBE biodegradation. Many 
DIRB use AQDS or fumarate as an alternate electron acceptor (1,2), and this 
suggests the potential role of Fe(III)-reducing organisms in MTBE 
degradation and further tests could be carried out with these cultures. 
2. Fuel-contaminated aquifer sediment incubations investigated [U-14C]-TBA 
and [U-14C]-MTBE biodegradation under Fe(III)-reducing conditions in 
comparison with that under nitrate- or sulfate-reducing conditions. 
Stimulating Fe(III) reduction significantly increased TBA mineralization rate 
and extent, which provides the original evidence of the stimulative effect of 
Fe(III) reduction on substantial TBA degradation. In contrast, [U-14C]-MTBE 
mineralization was not detected in over 400 days, and [U-14C]-MTBE 
incubations had different microbial communities from [U-14C]-TBA 
mineralizing ones. This is unique compared with previous reports that MTBE 
could be degraded more easily than TBA, and illustrates the significance of 
appropriate microbial communities in bioremediation. 
3. Anaerobic TBA biodegradation activity was correlated with the abundance of 
one dominant clone. The clone is phylogenetically distinct from known 
aerobic TBA-degrading microorganisms, Fe(III)- or sulfate- reducing bacteria 
and is most closely associated with organisms belonging to the 
Alphaproteobacteria. The results present the first step in exploring organisms 
that may catalyze the anaerobic TBA mineralization reactions, and provides 
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targets for future studies to advance our knowledge of anaerobic microbial 
transformation of fuel oxygenates in contaminated aquifers.  
4. Little is known about the effects of Fe(III) reduction on reductive 
dechlorination of TCE and its daughter products cis-DCE and VC, though the 
information is important to both monitored nature attenuation and enhance 
bioremediation of the contaminants. The results from this study provided the 
following information: (1) Fe(III) reduction did not inhibit complete 
degradation of chlorinated ethenes to ethene in contaminated aquifer 
sediment incubations; (2) enrichment cultures were derived from the aquifer 
sediment material and had stable activity in complete TCE and VC 
dechlorination with concurrent Fe(III) reduction; (3) Fe(III) speciation 
(ferrihyrite versus Fe(III)-NTA) has an impact on daughter product 
distribution and reductive dechlorination kinetics; (4) the effects of Fe(III) 
reduction varied in different steps of TCE reductive dechlorination, and less 
chlorinated ethenes were influenced more than TCE; (5) Dehalococcoides 
and Geobacteraceae organisms were enriched concurrently in the 
dechlorinating Fe(III)-reducing sediments/cultures; Dehalococcoides 
abundance in the presence of Fe(III) was not significantly different from that 
in the cultures without Fe(III), meaning Fe(III) reducers would not 
outcompete and inhibit Dehalococcoides growth; (6) Fe(III) reduction may 
stimulate growth of G. lovleyi like organisms and contribute to TCE 
dechlorination to cis-DCE; (7) Fe(III) reduction poised the hydrogen 
concentration at an appropriate steady-state that is within the ideal range for 
reductive dechlorination. 
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5. Complete dechlorination of chlorinated ethenes was stimulated when acetate 
was amended as the sole electron donor at just stoichiometric level. 10X 
excessive electron donor addition did not facilitate chlorinated ethene 
dechlorination, but led to substantially higher methane production compared 
to that under low electron donor conditions.  Quantitative PCR analysis 
revealed that high electron donor concentration did not enhance the 
Dehalococcoides enrichment but only increased the methanogen abundance 
by nearly one order of magnitude. The results suggest that low electron donor 
strategy will be an efficient strategy for chlorinated ethene biodegradation. 
Adding surplus electron donor will not only cause substrate wastage and 
unnecessary cost in bioremediation, but also have adverse effects such as 
increasing methane production.  
6.   Sediment batch experiment with 14C-radiolabled VC provided evidence that 
both microbial reductive dechlorination and anaerobic oxidation pathways 
may play a significant role in chlorinated ethene degradation under Fe(III) 
reducing conditions with limited electron donors, given that related 
organisms are present. The results suggest that one strategy to stimulate 
complete dechlorination can be the combination of reductive dechlorination 
of TCE to DCE and/or VC and then anaerobic oxidation of the less 
chlorinated ethenes under Fe(III)-reducing conditions. 
In summary, findings in this research study promote a better understanding of the 
microbiology and microbial ecology in MTBE/TBA biodegradation and complete 
detoxification of chlorinated ethenes. The data provides initial and critical information 
about how Fe(III) reduction, as a relevant TEAP in the subsurface environment, will 
influence oxidation or reduction of the organic contaminants of interest and the 
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related microbial communities. The experiment results may have important 
implications for understanding the fate and transformation of fuel oxygenates and 
chlorinated ethenes (especially in Fe(III) abundant environments) and for designing 
effective in situ bioremediation strategies. The enrichment cultures obtained in this 
research effort provide model systems for further study on kinetics, physiology, and 
microbial ecology, and serve as a good source for identification or isolation of novel 
organisms and/or functional genes responsible for the degradation processes.  
Some future work that can be done based on the findings of this research includes: 
1. To develop highly enriched anaerobic TBA degrading cultures or pure cultures 
for further identifying what microorganisms are responsible for anaerobic 
TBA biodegradation. The microbial community analysis data presented in 
Chapter 4 gives an important first step in understanding microorganisms 
potentially involved in anaerobic TBA degradation and provides targets for 
future studies. However, the data did not definitively determine specific TBA-
degrading organisms.  Such knowledge can help predict whether and where 
the metabolism will occur and develop biomarkers to monitor the efficiency of 
stimulated biodegradation as well as natural attenuation of TBA.  Identifying 
responsible microorganisms can be very challenging, and developing highly 
enriched cultures or isolates will be beneficial. 
2. To analyze microbial communities in anaerobic 14C-VC oxidation under 
Fe(III)-reducing conditions and identify major organism(s) involved in 
anaerobic oxidative dechlorination. Microcosms showing VC oxidation 
activity under Fe(III)-reducing conditions were set up in this study, so further 
effort can be made to further stimulate oxidative dechloirnation using the 
material and study microbial community development. So far, nothing is 
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known about the microorganisms responsible for anaerobic VC oxidation. 
This information will allow scientists and engineers to target the appropriate 
microbial populations to assess the feasibility of applying oxidative 
dechlorination strategy in specific bioremediation sites, as well as to monitor 
natural attenuation or the performance of engineered bioremediation. 
3. To understand the mechanisms of using acetate as the sole electron donor in 
complete reductive dechlorination. Though hydrogen has been reported as the 
only electron donor that can be used by Dehalococcoides for completely 
transforming chlorinated ethenes to ethene, acetate was the sole electron donor 
in our experiments where complete dechlorination occurred. Thus, a 
fundamental question is how acetate may be used by dechlorinating 
microorganisms. Acetate can be oxidized to carbon dioxide coupled to the 
reduction of electron acceptors, or can be oxidized coupled to generation of 
molecular hydrogen by syntrophic organisms in cooperation with hydrogen-
oxidizing partners. It is meaningful to investigate this question in more detail. 
For one thing, it can provide knowledge regarding the appropriate use of 
electron donors, which is essential to the efficiency of enhanced 
biodegradation. For another, if synthrophic relations exist, it would be 
meaningful to identify the related syntrophic organisms in complete 
dechlorination. In the case of syntrophy, the activity of dechlorinating 
organisms is dependent on their interactions with other microbial community 
members, and thus supporting microorganisms are as important as the major 
players (e.g., Dehalococcoides) for successful chlorinated ethene 
bioremediation. 
4. To determine the contribution of abiotic pathways as compared to microbial 
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reductive dechlorination pathways under Fe(III)-reducing conditions, and to 
identify the potential role of biologically reduced iron compounds. Abiotic 
reduction of chlorinated solvents by various iron species has been investigated 
previously. However, little study has actually been conducted to determine the 
potential link between abiotic dechlorination and biologically reduced iron 
compounds.  The systems active in both TCE dechlorination and Fe(III) 
reduction as developed in this study would be used to investigate the potential 
contributions of biogenic iron species generated in situ instead of using 
synthesized iron minerals or buffer-washed biogenic iron minerals, which is 
more relevant to what happens in natural or remediation systems.  
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